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Water Impact Statement

Exhaustion of black carbon media in stormwater biofilters remains a major hurdle for the wide 
implementation of this cost-effective and sustainable stormwater treatment technology. This study shows 
that biologically active biochar-amended stormwater filters improve removal of pesticides. Our results 
indicate that the combined presence of biochar and biofilm leads to a prolonged filter lifetime.
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Abstract

Low-impact, green infrastructure systems such as biofilters, particularly when amended with 

biochar, can help address chemical pollution conveyed via stormwater that is increasingly posing 

a threat to aquatic ecosystems and groundwater quality. Although removal of organic contaminants 

including pesticides by biochar-amended systems has been studied, the role of a biofouling layer 

on contaminant removal, biotransformation, and filter lifetime remains poorly understood. This 

study evaluated the removal of the pesticides atrazine, imidacloprid, and clothianidin in 

biologically active biochar-amended columns through complete exhaustion of contaminant 

removal capacity. The resultant data indicate that biological processes accounted for 20-36% of 

overall removal in the biochar-amended sand columns. In addition, a combined target and suspect 

screening approach using liquid chromatography quadrupole time-of-flight mass spectrometry 

(LC-QToF-MS) was employed to evaluate the potential transformation of these three pesticides 

and release of the transformation products (TPs). All TPs detected in the effluent remained below 

2.5% of their respective parent influent concentrations for the duration of the experiment. 

Furthermore, at a biochar application rate of 0.5 wt%, the presence of an active biofilm prolonged 

the filter lifetime by 1.8-2.3 times compared to a fouled but inactive filter, where removal was 

presumably dominated by adsorption only. Scenario modelling estimates showed that biochar-

amended biofilters could last at least 17 years before exceeding aquatic life threshold values at 

biochar-application rates as low as 1 wt% (5 vol%) in a representative case study. Results of this 

study provide novel insight on pesticide TP formation in biochar-amended biofilters and 

estimation of filter lifetimes.
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1. Introduction

Harnessing alternative water resources such as stormwater through capture and treatment is a 

promising strategy to help address both water scarcity and contamination.1–3 Nevertheless, to make 

stormwater runoff a viable and safe water resource, effective methods for water quality 

improvements are essential. In recent years, the implementation of green infrastructure systems 

and stormwater control measures (SCMs) has gained attention among practitioners, especially the 

use of infiltration techniques.4 Traditionally, however, SCMs have focused on flow reduction and 

water capture but have not been designed for water quality improvement.4,5 Contamination of 

urban streams with trace organic contaminants (TOrCs) stemming from stormwater runoff such as 

polycyclic aromatic hydrocarbons (PAHs),5–7 pesticides,5,6,8–11 vehicle-associated compounds,12 

flame retardants,7,11 and pharmaceuticals7,11,13 may lead to substantial aquatic health impacts such 

as acute/chronic toxicity14–17 and endocrine disruption,18,19 surface water quality degradation,5 and 

drinking water impairments of groundwater aquifers.20,21 During the past 20 years, decentralized 

biofilters or bioretention systems have been increasingly gaining traction as a viable alternative to 

centralized stormwater treatment systems.22 Biofilters amended with conventional media (i.e., soil, 

sand) are typically effective at removing suspended solids and thus particulate-bound organics (e.g. 

petroleum hydrocarbons, PAHs) with removal values commonly as high as 80-90%.23,24 However, 

limited removal in conventional biofilters was observed for less hydrophobic organic 

contaminants24 and our understanding of the attenuation of dissolved organic contaminants 

remains limited.5 Specifically, TOrCs such as hydrophilic pesticides pose one of the greatest risks 

for groundwater contamination25 due to their high mobility and low sorptive affinity towards soil 

and conventional infiltration media such as sand.5,11 These findings highlight the need to modify 

conventional green infrastructure systems for the removal of this class of contaminants.11,14 
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In light of the challenge that dissolved and hydrophilic TOrCs pose to maintaining or improving 

water quality, amending stormwater treatment systems with black carbon adsorbents like biochar 

has become a strategy of interest to improve contaminant removal.2,4,26 Biochar is a cost-effective 

means of improving the removal of hydrophilic TOrCs, as has been demonstrated in laboratory 

batch and column studies,27,28 as well as in pilot-scale biofilters.29 As the dominant abiotic removal 

process for TOrCs is adsorption, biochar properties such as surface area, aromaticity, and internal 

pore size distribution – especially microporosity and mesoporosity27,30 – appear to control the 

removal of organic contaminants.2 Depending on the functional group(s) of the target pollutant, 

different mechanisms can be responsible for the interaction between the organic contaminant and 

biochar surface: non-polar compounds attach to hydrophobic sites on the biochar surface, whereas 

polar compounds engage in hydrogen bonds with polar surface groups.31 Charged organic 

compounds may also be retained via electrostatic attraction, especially cationic compounds, since 

most biochar surfaces are negatively charged.31

In addition to abiotic sorptive removal, the microbial activity of stormwater filters is thought to 

play an important role for TOrC attenuation.32,33 Immobilized microbial biofilms have long been 

used in water and wastewater treatment34 and also in the bioremediation of xenobiotics.35,36 The 

suitability of biochar to serve as habitat and inoculum carrier for microorganisms has been 

described previously,37,38 although not all literature agrees.39 The suitability of a biochar to serve 

as biofilm attachment site may be highly dependent on specific properties, including surface area, 

hydrophobicity, water holding capacity,37 and biochar carbon availability.38 Further, Saquing et 

al.40 reported that biochar can function as both electron donor and acceptor, and thus should be 
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seen as rechargeable reservoir of bioavailable electrons, a feature which could potentially promote 

the biodegradation of contaminants in bioretention systems. The stimulating effect of biochar on 

microbial processes involving inorganics has been demonstrated for Fe(III) reduction41 and nitrate 

reduction (i.e., denitrification).40 Moreover, biological degradation may act directly on biochar-

bound organic contaminants,42 which has important mechanistic implications. Furthermore, 

biofilm-coated biochar is reported to benefit TOrCs removal, possibly due to microbial 

biodegradation.33,43 Thus, biochar-attached biofilms could facilitate sustained contaminant 

removal, potentially via a synergistic relationship between microbial degradation and biochar 

adsorption.32 This process, coined bioregeneration, has been described for biologically active 

granular activated carbon (GAC) filters in water treatment, and implies that the sorptive capacity 

of adsorbents can be restored by microbial degradation freeing up sorption sites.44

Overall, disambiguating the contributions of individual processes on total removal is challenging, 

and very limited research is available on the disentangling of sorptive and biological processes in 

biochar-amended systems.45,46 In practice, SCMs are often considered “black box” passive water 

treatment systems.4 The design of biochar-amended biofilters is further complicated by processes 

that are difficult to simulate in the laboratory but inherently arise in field-scale systems, such as 

the impact of variable saturation conditions, clogging, or biofouling on biochar sorption. For 

instance, the addition of an external carbon source (e.g. woodchips, compost, humic acid) is known 

to facilitate biological processes and can benefit contaminant removal,33,47,48 but may also lead to 

accelerated exhaustion of adsorption sites or pore clogging and concomitant biochar aging.49,50 

Generally, there are only a few studies providing insight into long-term performance of biochar-

amended stormwater treatment systems.22 Thus, a better understanding of the effect of an active 
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microbial biofilm (i.e., biodegradation) on overall TOrC removal over one full lifetime of a 

biofilter is warranted to inform design, maintenance, lifetime, and risk assessment (e.g., toxicity 

of metabolites) of biochar-amended SCM systems. Moreover, inclusion of transformation products 

(TPs) in the analysis of biochar-amended biofilter effluents is lacking in the literature, even though 

TPs of pesticides are a concern and increasingly found in drinking water sources51 and in 

groundwater - sometimes at higher concentrations than their parent compounds.21 Thus, it is 

essential to determine if biochar-amended biofilters could be a potential source of TPs into the 

environment. As biodegradation in biofilm-biochar filters may potentially prolong biofilter 

lifetime in the long term, the primary objectives of this study were to: i) assess the role of biofilm 

in overall pesticide removal in biochar-amended biofilters and determine the relative importance 

of biodegradation compared to sorption; ii) evaluate the effect of the combined biofilm-biochar 

presence and thus biodegradation on filter lifetime; and iii) elucidate the main transformation 

pathways of select pesticides occurring in biotic biochar-sand systems compared to controls. To 

address these objectives, we studied the removal and transformation of atrazine, imidacloprid, and 

clothianidin in laboratory-scale biochar-amended sand columns over four months and compared 

the findings to results from inhibited (i.e., inactivated biofilm) biochar-sand columns and sand-

only columns (both biotic and inhibited). Hydrophilic pesticides, including atrazine and 

neonicotinoids, are increasingly being discovered in urban stormwater.13 Our decision to study 

neonicotinoids in biochar-amended biofilters was based on their emerging nature and lack of 

environmental research data (personal communication by the California Department of Pesticide 

Regulation). The resultant column breakthrough curves of the three pesticides were used to 

estimate parameters of a contaminant transport model to simulate representative biofilter lifetimes 

in different case study scenarios.
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2. Methods

2.1. TOrCs Analysis

The TOrCs suite selected for target analysis in this study included the parent compounds atrazine, 

imidacloprid, and clothianidin. TPs also targeted for analysis included desethylatrazine (DEA), 

desisopropylatrazine (DIA), 2-hydroxy-atrazine (OH-ATZ), desnitro-imidacloprid (desnitro-IMI), 

imidacloprid-urea (IMI-urea), imidacloprid-olefin (IMI-olefin), and 6-chloronicotinic acid (6-

CNA). Analytical standards for TPs of clothianidin were not commercially available and therefore 

not included in the target analysis. Isotope dilution was conducted using the surrogate standards 

atrazine-d5, imidacloprid-d4, and clothianidin-d3. Information and details on source and purity of 

analytical standards (natives and surrogates) can be found in the Supporting Information (SI), 

Table S1. Literature-derived microbial transformation pathways for atrazine, imidacloprid, and 

clothianidin can be found in Figures S1-S3. Concentrations of TOrCs in aqueous samples were 

quantified by liquid chromatography quadrupole time-of-flight mass spectrometry (LC-QToF-MS) 

using a SCIEX ExionLCTM high-pressure liquid chromatography (HPLC) system equipped with 

a Biphenyl analytical column (3 μm, 100x3 mm; Phenomenex, Torrance, CA), coupled to a SCIEX 

X500R QToF-MS system (Framingham, MA) using electrospray ionization in positive mode 

(ESI+) with SWATH® Data-Independent Acquisition for both ToFMS and MS/MS mode. Details 

on the MS parameters and LC conditions can be found in the SI.

2.1.1. Target Analysis

Target analytes were identified based on precursor accurate mass (mass error < 10 ppm), isotopic 

pattern (isotopic ratio error < 40%), and retention time (∆RT < 0.05 min) compared to analytical 
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(native) standards, and quantified using calibration standards in the range of 0.005 µg/L to 25 

µg/L. Surrogate concentrations in calibration standards (and samples) were 0.4 μg/L for atrazine-

d5 and 0.8 μg/L for both imidacloprid-d4 and clothianidin-d3. Accuracy of calibration standards 

was required to be within +/- 30% and the calibration curve had to be linear (R≥0.99). The limit 

of quantitation (LOQ) for most analytes was between 0.005 µg/L and 0.01 µg/L, except for 6-CNA, 

for which the LOQ was 0.05 µg/L. Considerably lower sensitivity of 6-CNA in LC-MS analysis 

compared to other neonicotinoid compounds has been reported previously.52,53 Table S2 contains 

the LC-QToF-MS parameters for each target analyte; specifically, retention time, precursor 

accurate mass (quantitation), MS/MS fragment masses (qualitative confirmation), LOQ, and spike 

recovery data.

2.1.2. Suspect Screening

To identify additional TPs of atrazine, imidacloprid, and clothianidin, a suspect screening approach 

was also employed. LC-QToF-MS data acquired in SWATH® mode was screened using a custom 

extracted ion chromatogram (XIC) list (Table S3) containing molecular formulas and accurate 

masses for TPs identified using the EAWAG Biocatalysis/Biodegradation Database and Pathway 

Prediction System (EAWAG-BBD/PPS; http://eawag-bbd.ethz.ch/index.html) and a review of 

extant literature (Figures S1-S3). Identification of unknown pesticide TPs was based on accurate 

mass measurement for the molecular ion, isotopic pattern matching scores, and verification of 

MS/MS spectra. Samples were screened by searching for the protonated molecular ion [M+H]+ 

using an XIC window of 0.02 Da, a signal to noise threshold of 10:1, and a noise percentage of 

90%. For additional analyte confirmation, acquired MS/MS spectra were compared to fragment 

masses previously reported in literature (Table S2). Suspects were confirmed by identification of 
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at least one unique product ion accurate mass that matched known fragments (mass error < 10 

ppm). In a first screening of the data, only matches with precursor ion mass error < 5 ppm and 

isotopic pattern error < 40% were considered for subsequent MS/MS fragment analysis. The 

precursor mass error criterion was chosen to be more restrictive than the target analysis because 

of the absence of analytical standards. A confidence level was assigned to each suspect compound 

on the basis of the Schymanski scale.54

2.2. Materials

2.2.1. Biochar

The biochar used in this study was Mountain Crest Gardens biochar (MCG-biochar) produced by 

high temperature (> 1100°C) gasification of pinewood (Gropro, Inc., Etna, CA) and was selected 

for this study due to its superior TOrC removal performance in laboratory-scale27,28 and pilot-scale 

biofilters treating stormwater.47 The biochar was sieved to a particle size range of 53-250 μm, 

rinsed by deionized (DI) water, and subsequently allowed to air dry. The standard laboratory sand 

was of uniform particle size (210-297 μm; Sigma-Aldrich) and was used as received. Additional 

details related to surface area analysis and pore-size characterization of the biochar is provided in 

the SI.

2.2.2. Dissolved Organic Carbon (DOC) Extract Solutions

All experiments (batch sorption, column, and microcosm experiments) were conducted with 

representative synthetic stormwater based on a recipe from Grebel et al.55 Dissolved organic 

carbon (DOC) was added from DOC extract solutions obtained by infusing local creek water with 

grass, leaves, and compost over several weeks based on a recipe described elsewhere.33 DOC 
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obtained from natural carbon sources provides a more complex DOC source for microbial growth 

than from single sources (e.g., humic acid) and is thought to be more representative of actual field 

conditions. Details on the preparation of the DOC extract solutions can be found in the SI.

2.2.3. Microbial Enrichment Solutions

Microbial enrichment solutions for column inoculation were prepared following a modified 

procedure described elsewhere.33 In brief, a sediment-creek water slurry was obtained from a local 

creek (Clear Creek, Golden, CO) and served as the inoculum to the enrichment solutions. The 

same DOC extract that was used for batch and column experiments was used as growth media for 

the enrichment solutions. Microbial cultures for the enrichment solutions were grown over two 

stages of three successive inoculation-incubation cycles. Further details on the microbial 

enrichment procedure can be found in the SI.

2.3. Batch Sorption Experiments

Isotherm and kinetic batch experiments were carried out in 250 mL amber glass bottles (Quorpak; 

Clinton, PA) with representative synthetic stormwater. Batch experiments were conducted 

following the method described in Ulrich et al.27 Briefly, after amber glass bottles were autoclaved 

at 135°C for 25 min, 200 mL of representative synthetic stormwater (including 100 mg/L sodium 

azide) and 3.8 ± 0.3 mg of fresh MCG biochar were added to each bottle. The batches were placed 

on a shaker table overnight to allow for pre-equilibration of the biochar with DOC. The following 

day, batches were spiked with a mixture of the native parent TOrC solution using a methanol 

carrier (less than 0.05% of total volume), which marked time zero of the batch experiments. 

Isotherm batch tests were carried out in triplicates at five different initial concentrations (C0 = 3, 
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10, 20, 50, and 100 μg/L for each TOrC individually) and including controls (no biochar) to 

account for abiotic losses of TOrCs. Samples were taken in the beginning (t = 1.5 h) from controls 

only and at the end (t = 92 d) from biochar batches and controls. Samples (2 mL) were taken after 

0.5 hours of settling using sterile pipet tips and were transferred into glass centrifuge vials (Kimble 

Chase; Rockwood, TN / DWK Life Sciences, LLC). After addition of a surrogate solution in 

methanol (10% of final volume), vials were centrifuged at 2600 rcf for 18 min to spin down 

potential biochar particles. The supernatant was transferred to amber storage vials and stored at 

4°C until analysis. Kinetic batch tests were carried out with the serial method following OECD 

guidelines 106 (OECD, 2000) using an initial TOrC concentration of 10 μg/L (for each TOrC 

individually). TOrCs sampling was performed at 1.5 h, 1 d, 3 d, 7 d, 15 d, 29 d, and 67 d and the 

sample preparation and storage followed the same procedure as for isotherm batches.

Best-fit parameters of the Freundlich and Langmuir isotherms were obtained from the equilibrium 

sorption data using non-linear regression with relative weighting (1/Y2) in GraphPad Prism 

(version 9.1.1); the corresponding figures can be found in the SI (Figure S4). Akaike's Information 

Criterion (AIC) was used to compare the goodness of fit of both sorption equations and 

demonstrated better fits for the Freundlich isotherm for all three parent compounds. Both the AIC 

and best-fit values of the non-linear Freundlich isotherm coefficient KF and the Freundlich 

isotherm exponent n are reported in the SI (Table S4). 

2.4. Column Experiments

Column experiments were conducted using Kimble Chase flex-columns (2.5 x 5 cm) (DWK Life 

Sciences, LLC) and an effective length of 5.6 cm was dry-packed with a mixture of sand and 
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biochar (0.5 wt%). The media mixture was fixed with glass beads and glass wool at both the inlet 

and outlet to prevent loss of media under flow conditions. Attachment of a biofilm on the sand-

biochar media and start-up of biotic columns followed a procedure described elsewhere.33 

Columns were purged with CO2 gas right before startup to ensure fully saturated conditions and 

were subsequently injected with one pore volume (PV) of microbial enrichment solution at a flow 

rate of 0.9 mL/min, allowed to sit overnight, and then slowly recirculated at 0.08 mL/min for 48 h 

to promote microbial attachment. After seeding of a biofilm, columns were conditioned with 

representative (un-spiked) synthetic stormwater containing 10 mg/L DOC at a flowrate of 0.21 

mL/min for 23 days. During conditioning, a salt tracer test was performed using a conservative 

tracer KBr solution (300 mg/L) to assess mean hydraulic residence times (HRT) of the columns. 

Effluent samples (1 mL) were taken every 20 min, diluted with Milli-Q water and analyzed by ion 

chromatography (IC). Based on the salt tracer data, mean HRTs of the columns were between 90-

125 min (consistent with a recent bioretention study56), with the variance likely due to 

experimental variation rather than the presence of biochar or a biofilm (see Figure S6). After the 

dissolved oxygen (DO) levels in the effluent stabilized, columns were injected with representative 

synthetic stormwater containing 10 mg/L DOC and 200 μg/L of each TOrC (atrazine, imidacloprid, 

clothianidin) for 92 days at a flowrate of 0.21 mL/min. This flow rate corresponds to an infiltration 

rate of 2.58 cm/h and thus meets the infiltration requirement for bioretention systems (>2 cm/h).5 

Influent reservoirs (aerated) were refreshed daily to minimize microbial growth and TOrC 

degradation, and the methanol of the TOrC carrier solution was evaporated under N2 in a conical 

glass tube. The dried TOrC residue was redissolved and added to the influent reservoirs by 

repeatedly (6X) adding synthetic stormwater to the glass tube and vigorous shaking, then letting it 

sit for 10-15 min each time. Influents of inhibited control columns (one for sand and sand+BC 
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each) contained 200 mg/L of sodium azide (NaN3) for continued biofilm inactivation. Influent and 

effluent samples were taken regularly (on average, every 2-3 days over the course of 92 days) and 

preserved by filtration with Millex syringe filters (0.22 μm, 13 mm, Durapore, PVDF membrane; 

Millipore Sigma) and stored at 4°C until analysis. However, not all of these samples were 

submitted for TOrC analysis.

General column performance was monitored by analyzing influent and effluent samples for 

standard water quality parameters. DO concentrations and pH were measured twice a week during 

the first three weeks (column conditioning) and once a week afterwards using a portable Hach 

multimeter (HQ40D) and DO / pH probes. DOC and total nitrogen (TN) concentrations were 

measured weekly (twice a week during the first seven weeks) by a TOC-L Laboratory Total 

Organic Carbon Analyzer (Shimadzu), and major anions were analyzed using a Dionex ICS-900 

Ion Chromatography System (Thermo Fisher Scientific). Samples were diluted with in-house 

Milli-Q water as necessary to meet instrument specifications and calibration ranges.

2.5. Microcosm Experiments

Biotic microcosms (two replicates: M1, M2) were started in autoclaved 1000 mL Erlenmeyer 

flasks by combining 100 mL of DOC extract solution (~250 mg/L) with 10 mL of the same 

microbial seeding solution used for column inoculation. Flasks were aerobically incubated at 30°C 

in the dark for two weeks (17 days). After incubation, replicates M1 and M2 were spiked with 

TOrCs (atrazine, imidacloprid, and clothianidin; final concentration: 400 μg/L each) by adding 

140 mL of autoclaved synthetic stormwater solution (no DOC). As with the column influent 

solutions, the methanol of the TOrC carrier solution was evaporated under N2 before addition to 
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the flasks. An un-spiked control (M3) was prepared to monitor microbial growth under non-

exposure conditions. In addition, an inhibited control (M4) was initiated by combining 100 mL of 

DOC extract solution, 10 mL of NaN3 in Milli-Q water (final concentration: 200 mg/L) instead of 

the microbial enrichment solution, and 140 mL of autoclaved synthetic stormwater solution (no 

DOC). Unfortunately, it was not possible to maintain the inhibited control as uncontaminated over 

the duration of the experiment and thus it was excluded from further analysis. All flasks were 

shaken continuously for 369 days at room temperature and sampled regularly (weekly during the 

first 14 weeks, then bimonthly during the next 15 weeks, and again after six months at the end of 

the experiment). Sample volumes were kept as low as 0.5-1.0 mL and were prepared for storage 

following the same method as described for column samples. To account for evaporative water 

losses, microcosms were weighed before each sampling event and the appropriate volume of 

autoclaved Milli-Q water was added to each microcosm prior to sampling.

2.6. Transport Modelling

Contaminant breakthrough data were assessed using a model in MATLAB (R2019b, MathWorks, 

Massachusetts, United States) describing one-dimensional solute transport in porous media 

assuming sorption-retarded intraparticle diffusion kinetics and a Freundlich sorption isotherm 

(column model variables and input parameters are listed in Tables S8 and S9). Tortuosity (τ) was 

used as a fitting parameter to account for intraparticle diffusion. This model was originally 

designed to determine the fate and transport of organic contaminants in black carbon-amended 

sediments or aquifers.57,58 Ulrich et al.27 used an adapted version to demonstrate that including 

diffusion-limited sorption kinetics allows the prediction of TOrC breakthrough curves (BTCs) in 

abiotic biochar-amended sand filters based on sorption parameters derived from abiotic batch tests. 
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The same model has been successfully employed to model the breakthrough of per- and 

polyfluoroalkyl substances (PFASs) in a pilot-scale GAC filtration system, even though it was 

found that assuming local sorption equilibrium generated a better fit to the observed data.59 In the 

present study, the original model was adapted for constant influent concentration (as opposed to a 

pulse).

Estimation of sorption and kinetic parameters (i.e., tortuosity) based on batch equilibrium and 

kinetic sorption data for use in column breakthrough prediction was successfully demonstrated 

previously;27 however, in the current study, results were not deemed satisfactory (Figures S16 and 

S17). We assume that the presence of a biofilm layer in the porous media limited the transferability 

of parameters from abiotic batch studies (microbial growth inhibited by NaN3) to biologically 

active flow-through systems. Best-fit Freundlich sorption (KF, n) and kinetic parameters (τ) for 

each compound were therefore directly estimated based on the effluent data observed in the biotic 

BC+Sand columns (Figure S19). The best-fit parameters were then used to predict TOrC 

breakthrough and biofilter lifetime in several case study simulations (scenarios). Assuming that 

the biofilter effluent were discharged into receiving surface waters, the “biofilter lifetime” or 

“breakthrough” was defined as the time when the effluent concentrations would exceed chronic 

aquatic life benchmarks specified by the European Union or the United States Environmental 

Protection Agency (U.S. EPA). Representative stormwater influent concentration ranges were 

estimated based on reported surface water data in the literature (storm- and stream water), with the 

corresponding maximum concentrations being used to simulate worst-case scenarios. The 

simulated continuous filter lifetimes were then adjusted based on a representative field-scale 
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biofilter (infiltration basin) for a residential area in Denver, CO, receiving a representative amount 

of rainfall. Detailed calculations are provided in the SI (Table S11).

3. Results and Discussion

3.1. Biological Activity of Columns

The average column influent DO concentration of 7.12 (±0.11) mg/L consistently decreased in the 

column effluent for all four tested conditions (Figure 1a; p = 9.10e-4, Ranksum Test, α = 0.05), 

indicating continued aerobic microbial activity throughout the study. Nevertheless, DO removal 

was significantly greater in biotic columns (both with and without biochar) compared to inhibited 

conditions (p = 1.96e-4; Wilcoxon Sign Rank Test, α = 0.05). Similar results occurred for removal 

of DOC in the columns (Figure 1a): the overall DOC removal in the biotic systems (both Sand and 

BC+Sand) was significantly greater (45 %) compared to the inhibited controls (12 %; p = 3.85e-

6, Paired-sample t-test, α = 0.05). However, there was some comparably minor microbial activity 

in the inhibited columns, indicating that the addition of sodium azide was not sufficient to suppress 

all microbial activity. This is supported by the fact that the observed average DOC removal was 

significantly non-zero (p = 0.0269 and p = 0.0086 for Sand, inhibited and BC+Sand, inhibited, 

respectively; One-sample t-test, α = 0.05). We believe that the term “inhibited” sufficiently reflects 

this circumstance (compared to, e.g., “abiotic”).
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Figure 1: a) Biological activity of columns: Removal of dissolved oxygen (DO) during days 7-110 and removal of dissolved 
organic carbon (DOC) during days 11-103; shown are the mean and standard error of the mean (SEM) with sample sizes n = 54, 
18, 18, 18, respectively. b) Effect of biofilm and ageing on biochar properties: Brunauer-Emmett-Teller specific surface area 
(BET SSA) and pore volume distribution of fresh MCG-biochar compared to aged biotic and inhibited samples. Ageing consisted 
of column conditioning with synthetic stormwater containing ~10 mg/L DOC (23 days) followed by injection of synthetic 
stormwater with ~10 mg/L DOC and ~200 μg/L TOrCs (92 days).

The significantly greater removal of DO and DOC in biotic columns indicated the presence of an 

active biofilm, which we presumed to be responsible for the observed microbial activity. Based on 

the observations, we further concluded that aerobic conditions dominated in the columns (except 

for anoxic niches, which may be present in biochar/porous media). Because there was no 

significant difference in DOC removal between “Sand, biotic” and “BC+Sand, biotic” conditions 

(p=0.27; Paired-sample t-test, α = 0.05), we concluded that DOC removal after initial conditioning 

(~ Day 11 after column inoculation) was governed by microbial activity rather than adsorption to 

the biochar. These findings correspond well to another study comparing chemical oxygen demand 

(COD) between sand and activated carbon (AC) biofilters, concluding that the type of filter 

material did not affect the activity of the heterotrophic biomass and hence that biotransformation 

was the main mechanism responsible for COD removal.60

3.2. Impact of Fouling/Ageing on Biochar Properties
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To comparatively assess the impact of biological fouling and ageing (over 115 days total) on 

biochar physical properties and thus sorption, fresh and aged (both biotic and inhibited) biochar 

samples collected from columns were analyzed for total pore volume (PV) and BET specific 

surface area (BET SSA) (Figure 1b). The largest portion (75.4 %) of the total PV of fresh MCG 

biochar was attributed to the mesopore fraction (pore sizes 20-500 Å or 2-50 nm), followed by 

micropore volume (17.0 %; <20 Å or <2 nm), whereas the smallest fraction was comprised of 

macropores (7.6 %; >500 Å or >50 nm). A high degree of mesoporosity is reportedly crucial for 

the sorption of triazine herbicides to biochar: Mesopores were beneficial in minimizing steric 

hindrance effects and may provide pathways for contaminants to diffuse into deeper pores.30 The 

BET SSA of fresh MCG biochar was 641 m2/g, and is approximately double the value reported 

elsewhere27 for the same type of biochar (317 m2/g). As both biochars were acquired from the 

same production facility but originated from different production batches, this may explain the 

variability in physical properties. Interestingly, the relative reduction in BET SSA and PV over 

time was more pronounced under inhibited fouling conditions compared to biologically active 

conditions (reduction by 85% and 45%, respectively, for inhibited vs. 70% and 23%, respectively, 

for biotic), which could be indicative of a regenerative effect of microbial activity, potentially 

through elevated DOC consumption over time that frees up sorption sites at the biochar surface. 

3.3. Column Performance: Contaminant Breakthrough Curves

The removal of the parent compounds atrazine, imidacloprid, and clothianidin followed a similar 

pattern in the different treatment conditions (Figure 2): Sand columns (both biotic and inhibited) 

broke through (CEffluent = 0.05*CInfluent) nearly immediately (<0.71 d) for all three compounds. 

Breakthrough curves (BTCs) for the TOrCs indicated relatively rapid initial breakthrough in the 
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inhibited BC+Sand column as well (3.03 d, 3.14 d, and 4.45 d to initial breakthrough for 

clothianidin, atrazine, and imidacloprid, respectively), but in a more gradual manner compared to 

the biotic treatment (linear vs. s-shaped BTCs). Initial breakthrough times of biotic BC+Sand 

columns occurred in the following order: clothianidin ≤ atrazine < imidacloprid. When the batch 

isotherm-derived Freundlich parameters (Table S4, discussed further below) are used to calculate 

Kd values at CW=10 µg/L (Kd = 151000, 117000, and 114000 L/kg for imidacloprid, atrazine, and 

clothianidin, respectively), these coefficients appear to be good predictors of initial column 

breakthrough order in the biotic BC+Sand columns, despite isotherm nonlinearity. However, the 

order of compounds did shift slightly when it came to average exhaustive breakthrough time 

(defined as the time when CEffluent = 0.9*CInfluent) and was as follows: clothianidin < imidacloprid 

≤ atrazine. 

The enhanced performance with respect to pesticide removal in the biotic BC+Sand columns is 

likely due to the combined presence of biochar and (active) microbial biofilm. Because sand was 

the dominant material in our study (from a mass perspective) and biochar was only present at 0.5 

wt%, the biofilm may have been primarily located on the sand particles. Despite this, the data 

suggest that the biochar played a crucial role for pesticide fate and removal involving the biofilm: 

even though DO and DOC removal in the biotic sand columns (without biochar) were similar to 

those with biochar (Figure 1), there was a major difference in pesticide removal between these two 

conditions (Figure 2). There was almost no removal of pesticides in the biotic sand column (no 

biochar) despite comparable DOC and DO removal. In short, there is a clear difference between 

the fate of DOC and pesticides in these systems: this is evident from the differences in removal 
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between the biotic and inhibited systems and it does point to a clear role of biochar in promoting 

pesticide removal.
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Figure 2: Column effluent concentrations [μg/L] over time [days] for the spiked pesticides: a) Atrazine, b) Imidacloprid, c) 
Clothianidin. Initial breakthrough (BT) is defined as the time when the effluent concentration Cw = 0.05*Cinfluent, and exhaustive 
BT is defined as the time when the effluent concentration Cw = 0.9*Cinfluent. BT times for the ‘BC+Sand biotic’ condition (three 
replicates) are reported as mean ± standard deviation. Dotted lines represent the mean influent concentrations. 
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3.4. Biotic Contributions to overall TOrCs Removal

3.4.1. Parent Mass Balance (Columns)

To study the relative importance of biodegradation in overall TOrCs removal, the cumulative mass 

removal for each of the conditions was calculated over the course of the experiment. Because both 

biotic and inhibited BC+Sand systems were inoculated with a microbial biofilm, we attribute the 

difference in long-term TOrCs removal to microbial activity (and not simply biosorption), 

potentially involving biodegradation. The mass balance in Figure 3 was developed based on area 

under the curve calculations of BTCs of TOrC effluent concentrations shown in Figure 2. The 

difference in cumulative mass removal at specific timepoints (Figure 3) between biotic BC+Sand 

and inhibited BC+Sand (assumption: sorption only) was assumed to yield the “biotic contribution” 

or biodegradation portion of the overall removal.

Figure 3: Mass balance of parent effluent data (area under curve calculation). The share of sorption, inhibited (comprising both 
sorption to the biochar and biosorption) was estimated from the difference between the inhibited Sand and inhibited BC+Sand 
breakthrough curves. This portion was then subtracted from the biologically enhanced removal observed in the biotic BC+Sand 
columns to yield the biotic contribution (consisting of both biologically enhanced sorption and biodegradation).
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The contributions of both sorption and biodegradation to overall removal varied through time 

(Figure 3). As can be expected based on exhaustion of sorption sites and pore filling, the share of 

sorption in overall mass removal decreased over time. Concurrently, the share of biodegradation 

increased between 30 and 60 days. We estimated biotic contributions to account for 20-36% of 

overall biologically enhanced removal in biotic BC-amended sand columns. These results 

correspond well with findings from a previous study,61 which reported that the presence of a 

biofilm improved the removal of nine pharmaceuticals in a biological activated carbon filter (BAF) 

and that the contribution of biofilm in overall removal of these compounds was in the range of 22-

35%. Indeed, Frankel et al.32 reported that biochar-attached biofilms resulted in higher removal of 

naphthenic acids (42-72%) compared to sterile biochar experiments (22-25%). Nevertheless, the 

dominant removal mechanism may change over time, which was the case in a system simulating 

natural groundwater recharge when prevalence shifted from sorption to biodegradation.46

In the present study, our mass balance indicates that a biochar application rate of 0.5 wt% and the 

presence of an active biofilm prolonged the observed biofilter lifetime by 1.8-2.3 times compared 

to a fouled but inactive filter dominated by adsorptive removal only (inhibited BC+Sand) (Figure 

3). This finding contradicts the common concept (e.g., in the case of recalcitrant compounds) that 

biofilm growth (or biofouling) may decrease the lifetime of adsorptive biochar filtration systems.28 

A mass balance of the parent compounds, however, does not allow for any firm mechanistic 

conclusions: the biotic contributions may be due to a combination of biotransformation and 

biologically enhanced sorptive removal. The latter process may be separately studied only in the 

case of non-biodegradable compounds such as PFASs: a recent study investigated removal of 
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PFASs from wastewater in laboratory column experiments and showed that the activity of the 

microbial biofilm appeared positively related to the enhanced sorptive removal of PFASs.62 The 

authors argued that – compared to the inactive biofilm-biochar – the activity of the biofilm may 

have led to an increased number of available sorption sites on the biochar by continuously 

degrading organic matter (i.e., DOC in the influent). Our findings of decreased fouling (lessened 

decline of SSA and PV; see section 3.2) under biologically active conditions are consistent with 

this hypothesis and potentially point towards biologically enhanced sorptive removal and thus a 

regenerative effect of microbial activity restoring some of the sorption capacity over time.

Biotransformation of organic chemicals in the combined presence of a microbial biofilm and 

biochar may involve several mechanisms, which may occur simultaneously and are thus not 

mutually exclusive. In addition to degradation in the aqueous phase, literature indicates that 

biodegradation of biochar-bound organic compounds may be possible due to bioregeneration63 or 

enhanced desorption48 and due to the biochar’s ability to serve as redox catalyst between 

microorganisms and organic compounds.42 Bioregeneration occurs during water treatment 

employing combined biological and adsorptive processes, in which microorganisms renew the 

adsorption capacity of the black carbon.44 Traditionally, it is thought that a concentration gradient 

between the carbon surface and the bulk liquid is a prerequisite for bioregeneration.44 This gradient 

leads to the desorption of activated carbon-bound organics and renders them available for 

microorganisms in the aqueous phase.44 Abromaitis et al.64 argue that the reversibility of 

adsorption is highly dependent on the activation energy of desorption. Because of this, mesoporous 

adsorbents might be more favorable for desorption and hence bioregeneration than microporous, 

e.g., commercially available GAC.63,64 The biochar used in our study was predominantly 
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mesoporous (75.4 % of total PV) and might thus be well suited for bioregenerative processes. Yu 

et al.65 studied the desorption behavior of the pesticide diuron in soil and the role of biochar 

microporosity and found a high correlation between adsorption-desorption hysteresis and 

micropore volume. Assuming that bioregeneration is dependent on a concentration gradient, 

activated carbon regeneration may only be induced after major changes in the loading or operation 

of the treatment system, e.g., wash-out in a BAC system, which lowers the bulk concentration.64 

We posit that from this perspective, variable influent systems such as stormwater treatment 

structures may create conditions favorable for bioregeneration. For example, some catchments 

may exhibit a first flush phenomenon for certain contaminants, meaning that highly concentrated 

water is followed by cleaner stormwater runoff.66,67 In other cases, however, stormwater 

pollutographs may be more complex than the simple first flush concept,68 or pollutant 

concentrations may be subject to seasonal variability.69

Microbial degradation processes of biochar-sorbed organic chemicals are different compared to 

organics present in the dissolved phase and DOC may substantially impact their desorption and 

mineralization rates. Zhang et al.48 demonstrated that the presence of humic acid (HA) increased 

the mineralization rate of biochar-bound phenanthrene by accelerating its desorption rate into the 

aqueous phase. Desorption was negatively correlated with the microporosity of biochars: the 

authors argued that organics bound to the intraparticle surfaces and micropores may be 

inaccessible.48 In our study, it is possible that a continuous source of DOC in the presence of a 

predominantly mesoporous biochar led to increased desorption rates and facilitated transport of 

atrazine, imidacloprid, and clothianidin in our biologically active columns.
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Further, biochar may be crucial in facilitating reduction/oxidation reactions with organic 

chemicals.40 In the presence of biochar, several coexisting degradation pathways were proposed 

to contribute to the biological reduction of pentachlorophenol (PCP): 41% of the PCP loss was 

attributed to electrical conductor mediated reduction of adsorbed PCP.42 Unlike the mechanisms 

described for bioregeneration or DOC-enhanced desorption, this process is thought to act directly 

on the biochar-bound organics. Similarly, an alternative explanation for observed bioregeneration 

invokes the release of microbial exoenzymes, which react with the carbon-bound 

substrates/compounds,44 thus increasing the bioaccessibility of the compounds.70 This process may 

be comparable to plant root exudates stimulating the degradation of organic compounds by 

rhizosphere-associated microbes.53,71 Though it remains uncertain whether and to what extent 

these alternative mechanisms are responsible for the enhanced removal of clothianidin, atrazine, 

and imidacloprid in the biochar-amended columns studied here, it is clear that the biologically 

active systems had a greater capacity for removal of these contaminants than the inhibited systems. 

The observed enhanced removal may possibly involve a combination of several coexisting 

processes (i.e., degradation in the aqueous phase, bioregeneration, DOC-enhanced desorption and 

transport, biochar-bound microbial degradation).

3.4.2. Known Transformation Products and Pathways

TP analysis offers another line of evidence to probe answers about biological processes occurring 

in the biofiltration columns. We detected multiple TPs of atrazine and imidacloprid in column 

effluents at timepoints during column operation (Figure 4): desethyl-atrazine (DEA), 2-hydroxy-

atrazine (OH-ATZ), desnitro-imidacloprid (desnitro-IMI), and imidacloprid-olefin (IMI-olefin). 

Concentrations were generally highest in biotic BC+Sand systems and of greater consistency 
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compared to control conditions (Figure 4), although fractions of TPs normalized to parent influent 

concentrations remained below 2.5% for all conditions throughout the entire experiment. This 

indicates that biodegradation was occurring, but quantitative estimations are complicated by a lack 

of authentic standards, yet unknown TPs, as well as the uncertainty as to the degree of 

mineralization vs. transformation. Interestingly, in the early stage of the experiment (at t = 23 d), 

TPs were primarily detected in biotic Sand columns, but not yet in biotic BC+Sand systems (with 

the exception of OH-ATZ). Suspect TP peaks were also found for deisopropylhydroxy-atrazine 

and didealkylatrazine, with both offering some MS2 data to provide more confidence in their 

detection (i.e., some had library scores >90); however, the peaks were deemed to be false positives 

caused by in-source fragmentation of OH-ATZ and DEA, respectively, based on their respective 

retention times and their presence in analytical standards containing OH-ATZ and DEA (Figure 

S14 and Figure S15).

Among all the TPs examined, the highest production was found for OH-ATZ. Levels of OH-ATZ 

in the effluent of the biotic BC+Sand columns exhibited a clear increasing trend over time (R2 = 

0.98, linear regression). Differences in concentrations between the four tested conditions in the 

time range 46-92 days were only statistically significant between biotic BC+Sand and each of the 

biotic and inhibited sand controls (p=0.0423 and p=0.0036, respectively; Dunn’s multiple 

comparisons test). Detections of OH-ATZ in both biotic and inhibited sand controls were in the 

range of levels observed in the influent, which were most likely attributable to aqueous hydrolysis 

governed by solution pH.72 OH-ATZ in inhibited BC+Sand columns was likely produced via 

surface-catalyzed hydrolysis induced by the biochar, a process that has been described for 

atrazine.72 Possible mechanisms behind the biochar-enhanced hydrolysis of atrazine include 
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surface-bound metal atoms facilitating the nucleophilic attack of water molecules and surface 

hydroxo groups acting as nucleophiles. Biochar-catalyzed reductive transformation was also 

reported for the dinitro herbicides pendimethalin and trifluralin via similar mechanisms.73 

Production of DEA in the columns is likely related to the presence of the microbial biofilm, as 

DEA was almost exclusively observed in the biotic BC+Sand columns, although also 

(inconsistently) in biotic Sand columns. Over the entire course of the experiment, concentrations 

of DEA were lower compared to OH-ATZ (in biotic BC+Sand columns: p=0.0048; Paired-sample 

t-test, α=0.05), consistent with observations in soil and aquatic systems, where the hydroxylation 

pathway is generally more common for atrazine.74 From an environmental risk perspective, 

hydroxylation renders OH-ATZ non-herbicidal (unlike DEA and DIA) and thus is considered a 

more straightforward detoxification pathway.75,76

The prevailing redox conditions may have a strong impact on atrazine degradation, and generally, 

degradation rates are faster under aerobic compared to anaerobic conditions. For example, 

Douglass et al.77 studied the mineralization of atrazine in wetland sediments and the aerobic half-

life of atrazine was roughly a week, whereas half-lives under anaerobic conditions were up to 50 

days. In the present study, the DO levels in effluents of biotic columns were 3.84 ± 0.91 mg/L 

(BC+Sand) and 4.03 ± 1.05 mg/L (Sand), indicating predominantly aerobic conditions, except for 

potential anoxic/anaerobic microniches present in the porous media.

Among imidacloprid TPs, concentrations of desnitro-IMI were highest in biotic BC+Sand columns 

(except for t=58 d) and followed a clear temporal trend (R2 = 0.88, linear regression; Figure 4). 

Desnitro-IMI was detected in effluents of all control columns, but at variable levels. The presence 
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of desnitro-IMI in inhibited Sand columns suggests that either abiotic degradation occurred 

(although, hydrolysis of imidacloprid under environmentally relevant conditions is very 

unlikely)78 or that sufficient biological activity in the inhibited columns transformed imidacloprid 

to desnitro-IMI. Similarly, concentrations of IMI-olefin were highest in biotic BC+Sand columns, 

but IMI-olefin was also present (to a lower extent) in biotic Sand and inhibited BC+Sand systems. 

5-hydroxy-imidacloprid (5-OH-IMI) and nitrosoguanidine-imidacloprid (NG-IMI) were detected 

via suspect screening of column effluent samples. Precursor peaks for both NG-IMI and 5-OH-

IMI were consistently detected in biotic BC+Sand samples over time, but only NG-IMI could 

consistently be confirmed by one accurate mass fragment (209.0591 Da; for details see Table S6). 

We presume that 5-OH-IMI precursor peaks were too small for consistent fragment accurate mass 

confirmation. This led to the assignment of different suspect confidence levels according to the 

Schymanski scale54: Level 3 for NG-IMI and Level 4 for 5-OH-IMI (Table S6).

Typically, biotransformation is associated with detoxification mechanisms that render metabolites 

less toxic than their parent compound. However, for some ‘target-specific’ pesticides such as 

imidacloprid and other neonicotinoids (i.e., pesticides that are designed to impart enhanced toxicity 

to certain pests via enhanced receptor binding specificity), decreased toxicity does not necessarily 

occur with degradation. Specifically, insect selectivity (i.e., differential binding propensity toward 

insect receptors) and thus the toxicity of neonicotinoids is due to favorably binding to the insect 

nicotinic acetylcholine receptor (nAChR) and is effectively repelled by vertebrate nAChRs 

(including mammalian).79 Replacing the =NNO2 group in imidacloprid by =NH to yield desnitro-

IMI inverts the selectivity for insect versus mammalian receptors, rendering desnitro-IMI >300 

times more toxic (based on binding affinity data) toward mammals while at the same time greatly 
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decreasing its insect toxicity.79 In contrast, the acute toxicity of IMI-olefin towards insects is even 

higher than imidacloprid, as highlighted in exposure studies on cotton whiteflies80 and honey 

bees.81 IMI-olefin and desnitro-IMI are part of two distinct transformation pathways of 

imidacloprid: IMI-olefin is considered a “dead-end product”, whereas the latter is an intermediate 

product in the pathway that may lead to complete mineralization via IMI-urea (Figure S2). 

Therefore, despite the increased mammalian toxicity, degradation into desnitro-IMI might still be 

preferred from an environmental risk perspective, because it may further transform into TPs that 

are, during acute exposure, reportedly less insecticidal (lower bee mortality) compared to 

imidacloprid.81

6-chloronicotinic-acid (6-CNA) is a TP of imidacloprid and other neonicotinoids, e.g., 

acetamiprid,82 and is to be found at the “lower end” of the microbial degradation pathway of 

imidacloprid (Figure S2). In some bacterial biodegradation studies, 6-CNA was reported as a dead-

end metabolite, whereas most evidence indicates full mineralization is possible.83 In the present 

study, 6-CNA was detected at low concentrations in effluents of biotic BC+Sand columns towards 

the end of the column experiment. At 92 days after the onset of spiking, 6-CNA was measured at 

0.091 μg/L in one column replicate and detected below the LOQ of 0.05 µg/L in another replicate. 

The relatively low concentrations of 6-CNA observed argues against it being a dead-end 

metabolite. As for the other experimental conditions, 6-CNA was neither detected in any of the 

inhibited column controls (Sand or BC+Sand, respectively) nor in the influent water. Although 6-

CNA causes considerably less bee mortality than the parent imidacloprid,81 it may still induce 

some oxidative stress towards aquatic non-target organisms such as freshwater algae and 
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crustacean amphipods.84 Moreover, the chronic toxicity towards bees was found to be equally high 

for imidacloprid and its major TPs, including 6-CNA.81

At the time of the analysis, there were no analytical standards or entries in spectral libraries 

available for the identification of clothianidin TPs. Employing a suspect screening approach (Table 

S3), we confirmed the presence of one potential TP in effluents of biotic BC+Sand columns, 

namely clothianidin-urea (CLO-urea) with a protonated precursor accurate mass of 206.01494 Da. 

All reported peaks fulfilled the suspect precursor quality criteria (<5 ppm mass error, <40% 

difference in isotope ratio) and the peak identity was further confirmed via at least one known 

unique fragment ion accurate mass (<10 ppm fragment mass error). The peak area counts in select 

column effluent samples were converted into concentration values using a semi-quantitation 

approach with clothianidin as the calibrant (calculations see SI). The resulting concentrations of 

CLO-urea were in the range of 1 µg/L and were highest at the end of the experiment (t=92 days) 

(Figure S13 c)). Thus, CLO-urea levels were likely in the same order of magnitude as other target 

TPs and were only surpassed by OH-ATZ concentrations.

N-(2-chlorothiazol-5-yl-methyl)-N'-nitroguanidine (TZNG) and N-methyl-N'-nitroguanidine 

(MNG) are among the most common biodegradation TPs of clothianidin, based on results of soil 

degradation studies under dark aerobic conditions at 20 °C (Figure S3).85 Mori et al.86 conducted 

a degradation study of clothianidin under nitrogen-limited conditions using a specific 

microorganism, the white-rot fungus P. sordida, which is known to produce enzymes that catalyze 

the degradation of recalcitrant organic chemicals. The fungus degraded 37 % of clothianidin in 

20 days and CLO-urea (or N-(2-chlorothiazol-5-yl-methyl)-N'-methylurea; TZMU) was the main 
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observed metabolite.86 A study investigating the biodegradation of clothianidin in agricultural soils 

from China identified CLO-urea and a second compound (m/z = 170.9; potentially dechlorinated 

form of CLO-urea) as degradation products.87 In contrast to atrazine and imidacloprid, clothianidin 

undergoes faster biodegradation under anaerobic compared to aerobic conditions, with degradation 

rates also dependent on factors such as temperature, nutrient levels, and initial concentration.88 

CLO-urea has also been reported as a hydrolysis product of clothianidin (at ≥50°C and pH 9);85 

however, at ambient temperatures, clothianidin is considered hydrolytically stable in the pH range 

of 4-9.85,89 In short, while there are limited clothianidin biodegradation data available, CLO-urea 

was one of the metabolites that was commonly reported in other degradation studies. The 

prevailing environmental conditions in our study (aerobic except for micro niches, T = 20°C) may 

not have been optimal for clothianidin degradation. From a toxicity standpoint, it appears that 

CLO-urea may be less toxic than its parent compound, as clothianidin significantly decreased the 

viability of neuroblastoma cells, while CLO-urea did not show significant effects (up to 300 μM)86: 

transformation of clothianidin to CLO-urea would likely be a desired goal of a biofilter. Our 

combined suspect screening and semi-quantitation approach revealed that CLO-urea was indeed 

an important TP of clothianidin and should be considered in future studies.

Overall, our findings suggest that biodegradation is predominantly occurring in both the 

“traditional” (Sand biotic) and the biochar-amended biofilters (BC+Sand biotic), however, only 

the latter offers the crucial benefit of contaminant retention that ultimately leads to treatment of 

the stormwater.
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Figure 4: Temporal evolution of transformation products (TPs) of atrazine and imidacloprid in column effluents and influent identified by target LC-QToF-MS analysis: a) 
desethyl-atrazine, b) 2-hydroxy-atrazine, c) desnitro-imidacloprid, d) imidacloprid-olefin. Y-axis shows TP concentrations in effluent normalized by the average parent influent 
concentration (Cw,TP/C0,parent). Dotted black lines represent the limit of quantitation (LOQ) for each TP.
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3.4.3. Microcosm Mass Balance / Suspect Screening

We conducted microcosm experiments to study the transformation of atrazine, imidacloprid and 

clothianidin under non-sorptive conditions (no biochar) and using the same microbial enrichment 

solution that was used for column inoculation. The goal was to determine if differences in TPs 

between microcosms and column effluents could be attributed to the presence of biochar. Initial 

concentrations in the microcosms (415 µg/L, 361 µg/L, and 364 µg/L for atrazine, imidacloprid, 

and clothianidin, respectively) were higher than in column influents to increase the opportunity for 

detecting TPs produced at very low levels. After 369 days, overall parent mass removal in the two 

biotic microcosm replicates were 15.0% (±4.73), 34.1% (±0.01), and 18.8% (±0.08) for atrazine, 

imidacloprid, and clothianidin, respectively. In a biotransformation experiment using biofilms 

collected from natural streams, Desiante et al.90 considered imidacloprid recalcitrant since 

concentration decreases of <20% were observed over the course of 72 hours. Imidacloprid was 

also classified persistent according to REACH and EMA guidelines in lake/river sediment 

suspension experiments.91 For atrazine, however, average removal of 45% was observed in biotic 

microcosms over the duration of 76 days.33

All seven target TPs that were detected in column effluents were present in the microcosm 

solutions as well (Figure 5; Table S7). The most abundant TP of atrazine was OH-ATZ, while for 

imidacloprid, the highest concentrations were detected for IMI-urea, followed by 6-CNA. 

Similarly, Muerdter and LeFevre53 recently found IMI-urea and 6-CNA - which are both less 

potent insecticides compared to their parent81,84 - as the main degradation products of imidacloprid 

in a synergistic duckweed-microbial system. Again, when it comes to chronic insect toxicity, 

however, there may be no difference between imidacloprid and its major TPs.81
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Suspect screening of microcosm samples revealed the presence of the same TPs that were also 

found in biotic column samples: 5-OH-IMI, NG-IMI, and CLO-urea. Precursor peaks for all three 

suspects were consistently detected in microcosm samples over time, but only CLO-urea could be 

confirmed by one accurate mass fragment at the end of the experiment (369 days). 5-OH-IMI 

precursor peaks were too small for consistent fragment accurate mass confirmation, and NG-IMI 

peaked during earlier stages of the experiment and peaks were too low to be confirmed at the end 

(Figure S12). Suspect concentrations were estimated employing a semi-quantitation approach 

using calibrants that share similar ionizable functional groups (details see SI). Suspect precursor 

and fragment masses, as well as representative MS and MS/MS scans for each suspect can be 

found in the SI (Table S6 and Figures S9-11).

Figure 5: Molar mass balance of microcosm data: Share of transformation products in total parent mass removal at the end of 
the experiment (369 days). The total parent molar masses removed after 369 days were 71.4 nmol, 119.2 nmol, and 67.8 nmol for 
atrazine, imidacloprid, and clothianidin, respectively. Initial concentrations for the three compounds were 1923 nM, 1412 nM, 
and 1458 nM, respectively. “Unknown” indicates that the mass was unaccounted for. Abbreviations: desethyl-atrazine (DEA), 
desisopropyl-atrazine (DIA), and 2-hydroxy-atrazine (OH-ATZ), desnitro-imidacloprid (desnitro-IMI), imidacloprid-urea (IMI-
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urea), imidacloprid-olefin (IMI-olefin), 6-chloronicotinic acid (6-CNA), and clothianidin-urea (CLO-urea). Note that 
calculations for CLO-urea are semi-quantitative.

Our results indicate that the target and suspect products only account for <40% of total parent mass 

removed (after 369 days; Figure 5). Without authentic standards for the suspect compounds or 

tracking of radio-labelled parent compounds, it is unclear to what extent errors in estimated 

concentrations would account for the missing mass. Hence, even without the presence of biochar, 

potentially unknown TPs for all three pesticides makes closing the mass balance difficult. As all 

TPs reported here are likely semi-stable intermediates, we recognize that TP production and further 

degradation (i.e., mineralization) may be dynamic and not well captured in a simple mass balance 

approach like the one employed here. Nevertheless, biodegradation was active in the microcosms, 

and the observed TPs were the same as in biotic column systems (both Sand and BC+Sand).

3.5. Abiotic Batch Sorption Experiments

Both Freundlich and Langmuir sorption equations were fit to the batch isotherm data up to 

equilibrium solution concentrations of 45 µg/L (Figure S4). Akaike's Information Criterion (AIC) 

was used to compare the goodness-of-fit for both sorption equations, and demonstrated better fits 

for the Freundlich isotherm for all three parent compounds. The corresponding AIC and best-fit 

values of the non-linear Freundlich isotherm coefficient KF (sorption affinity) and the Freundlich 

isotherm exponent n are reported in the SI (Table S4). The Freundlich isotherm has been used in 

previous studies to describe sorption of hydrophilic TOrCs to MCG-biochar47 and of 

neonicotinoids to pig manure and maize straw-derived biochars.92 
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Atrazine is a weak base (pKa = 1.6) and exists in its neutral form at environmentally relevant pH 

values.93 Besides hydrophobic effects, π-π electron-donor acceptor (EDA) interactions are relevant 

for atrazine sorption to biochar, due to the electron donor nature of atrazine’s ring substituents.30 

Imidacloprid and clothianidin are not charged at circumneutral pH94 but have a charge distribution 

at their nitro group (-NO2) and thus exhibit a distinct pharmacophore (see Figures S2 and S3). 

Zhang et al.92 investigated the biochar sorption mechanisms of imidacloprid and clothianidin and 

concluded that at higher production temperatures (>500°C), hydrophobic partitioning became less 

important, and instead specific interactions such as π-π EDA complexes were more prominent. 

Similarly, Webb et al.95 suggested that imidacloprid (and imidacloprid urea) sorption may be 

primarily driven by π-π or π+-π interactions (in contrast to desnitro-imidacloprid). LogKOC/logKOW 

ratios can be used as a semi-quantitative approach to assess the importance of hydrophobic effects 

in overall sorption and higher ratios generally indicate greater importance of specific interactions.96 

At CW = 50 µg/L and using the Kd values from section 3.3 for KOC, we observed larger 

logKOC/logKOW ratios for imidacloprid (9.26) compared to clothianidin (7.85), which were in line 

with results for de-ashed maize straw biochars produced at 700°C.92 Greater ratios may indicate 

that polar specific interactions were more important for imidacloprid sorption compared to 

clothianidin.92 For atrazine, we calculated a logKOC/logKOW ratio of 1.83, which indicates a higher 

importance of hydrophobic interactions compared to the two neonicotinoids.

Kinetic sorption data were used to compare the biochar sorption affinity at equilibrium (Kd,Eq = 

CS,Eq/CW,Eq; see Table S5; Figure S5) between parent compounds and TPs at an environmentally 

relevant initial concentration of 10 µg/L. The equilibrium Kd values of all TPs were lower 

compared to their respective parent compounds, which is in line with the observation that TPs are 
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generally more polar than their parents and thus potentially more mobile in the environment.21,97 

In the case of atrazine TPs, the difference in Kd,Eq values compared to atrazine was statistically 

significant in the cases of DEA and DIA (p < 0.001 for both) but not OH-ATZ (p = 5.47e-2). 

Among imidacloprid TPs, only IMI-urea exhibited a significantly different equilibrium Kd 

compared to the parent compound (p < 0.001). Moreover, the differences in sorption affinity 

between the three parent compounds were not statistically significant (see Table S5), even though 

the octanol-water partition coefficient of atrazine is different by two orders of magnitude from the 

two neonicotinoids (logKOW = 2.82, 0.56, and 0.64† for atrazine, imidacloprid, and clothianidin, 

respectively). Interestingly, the loss of the electronegative pharmacophore (nitro group) during the 

transformation of imidacloprid to desnitro-IMI changes the metabolite’s pharmacophore charge 

distribution to positive (amine group), which was demonstrated to have significant effects on 

sorption to black carbon primarily due to electrostatic interactions.95,98 However, alteration of the 

pharmacophore did not explain our findings regarding imidacloprid and desnitro-IMI: for MCG-

biochar, the equilibrium sorption capacities (Kd,Eq) were similar for the parent compound and the 

TP. Though an assessment of the surface functionalization of the biochar employed here was 

beyond the scope of the study, prior research indicates that sorption of desnitro-IMI is greatly 

impacted by surface functionalization.95

3.6. Transport Modelling

3.6.1. Parameter Estimation (Fitting)

Preliminary results of the modelling of atrazine, imidacloprid, and clothianidin BTCs in MATLAB 

revealed that sorption parameters derived from abiotic batch data were poor estimators of column 

† KOWWIN v1.68 estimates
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performance for both the inhibited and biotic BC+Sand conditions (see Figures S16 and S17). As 

the batch data set was a strong predictor of the sorption capacity in the inhibited BC+Sand case 

(great agreement of linear distribution coefficients Kd at CW = 50 µg/L; Table S10), we attribute 

the difficulties in BTC prediction mainly to kinetics. Furthermore, it should be noted that tortuosity 

(τ) in this transport model should be regarded as a kinetic fitting parameter rather than a physically 

meaningful parameter (observed tortuosity values are typically below 3). The inaccuracies of the 

tortuosity values are likely caused by inaccuracies of other model parameters, i.e. diffusion 

coefficients. For example, as was shown for PFASs, the fitted tortuosity values might be in error 

due to inaccurate estimations of diffusion coefficients.99 Hence, forward prediction of effluent 

BTCs based on batch data was not possible for conditions with a biofilm present (active or 

inactivated), unlike what was demonstrated for abiotic biochar-sand columns previously.27 

Similarly, Liu et al.59 showed that GAC batch study distribution coefficients (Kd) for PFASs were 

not representative of model Kd values obtained from the GAC pilot-scale study. 

In the present study, all model parameters were directly derived from the observed column data. 

We estimated the sorption to the non-BC materials using the inhibited sand column data set and 

these parameters (KS, kS; reported in the SI) were subsequently used to derive the sorption to the 

BC in the other columns. Freundlich model sorption parameters used in the subsequent scenario 

modelling (Table 1) were estimated based on best-fit simulations of biotic BC+Sand breakthrough 

curves for atrazine, imidacloprid, and clothianidin (Figure S19). Though the intended use of this 

model fitting of the observed column data was primarily for estimating filter lifetimes (i.e., 

scenario modeling), fitting of the breakthrough data revealed that the model assuming sorption-

retarded intraparticle diffusion provided a better description of the data than the model assuming 
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instantaneous sorption equilibrium. Best-fit values for the Freundlich isotherm coefficient, KFr,BC, 

were 1519, 1499, and 892 (µg/g)*(L/µg)n for atrazine, imidacloprid, and clothianidin, respectively.

In the column model used in this study, biodegradation can be accounted for through the parameter 

kdeg, which is the first-order biodegradation rate for the pollutant in the mobile water (see SI for 

more information). The model assumes that a biodegradation rate of kdeg > 0 will lead to a reduction 

of the maximum possible breakthrough concentration (Cw/C0 < 1) at steady state. However, in our 

case, these assumptions may not hold: 1) pesticide breakthrough in the biotic BC+Sand columns 

was dynamic and not at steady state, and; 2) the mass removal rate of biodegradation was likely 

sufficiently smaller than the mass loading rate at full breakthrough. In light of the evidence 

discussed above, various biological and synergistic processes may have contributed to the removal 

of the pesticides in the biologically active columns. Biodegradation was likely more complex in 

the present study and may not be appropriately represented by a first-order degradation rate acting 

only on dissolved phase contaminants (as biodegradation could also happen in the sorbed phase). 

Therefore, we did not explicitly quantify the rate of biodegradation in this model and decided to 

assume that for our modelling purposes, the observed mass removal difference between biotic and 

inhibited BC+Sand columns was due to biologically enhanced sorption only (in order to be 

conservative and not overestimate the contribution of biodegradation in the subsequent scenario 

modelling). Thus, the removal due to regenerated sorption capacity over time (biologically 

enhanced sorption) was lumped into the sorption parameters of the Freundlich isotherm equation 

during the fitting process. This was reflected in 2.5-3.6 times greater values for the linear 

distribution coefficients Kd (derived at CW=10 µg/L using the fitted Freundlich sorption 

Page 41 of 50 Environmental Science: Water Research & Technology



41

parameters; see Table S10) in the biotic BC+Sand condition (Figure S19) compared to the 

inhibited biochar control (Figure S18).

3.6.2. Biofilter Lifetime Simulations (Scenarios)

Table 1 lists simulation results from Scenarios 1-3, which describe how long a biologically active 

biochar-amended biofilter could run in a representative field-scale scenario (Table S11) for a

Table 1: Biofilter lifetime simulations based on different case study scenarios. Bold numbers indicate biofilter lifetime estimates 
when treating 16 inches of annual rainfall (Denver, CO), and numbers in parentheses represent biofilter lifetimes assuming 
continuous flow/operation. Freundlich parameters represent best-fit values to biotic BC+Sand column data, assuming kinetic 
diffusion limitations. Footnotes: ‡ Environmental Quality Standard (EQS) value, annual average for surface waters (European 
Union). § Chronic Aquatic Life Benchmark for invertebrates, for freshwater (U.S. EPA). * Spahr et al. 2020.11  ¶ Sutton et al. 
2019.100  ║ Bradley et al. 2017.101 Abbreviations: MBC = biochar application rate, CIn = influent concentration.

Atrazine Imidacloprid Clothianidin

Freundlich Model Parameters:
KFr,BC [(µg/g)(L/µg)^(n)]
n = 1/nFr,BC [-]
Tortuosity [-]

1519
0.402
25.1

1499
0.417
17.8

892
0.457
19.9

Aquatic Life Threshold Value, 
CTh [ug/L] 0.60 ‡ 0.01 § 0.05 §

Scenario 1: 
MBC [wt%] 1.0 (~5 vol%)

A: Stormwater - CIn [ug/L]
Time to reach CTh [years]

B: Stream - CIn [ug/L]
Time to reach CTh [years]

0.624 *
112 (11.8)
5.17 ║
17.5 (1.8)

0.428 *
68.5 (7.2)
0.1428 ║
141 (14.9)

0.666 ¶
32.3 (3.4)
0.0663 ║
390 (41.1)

Scenario 2: 
MBC [wt%] 4.0 (~20 vol%)

A: Stormwater - CIn [ug/L]
Time to reach CTh [years]

B: Stream - CIn [ug/L]
Time to reach CTh [years]

0.624
377 (39.7)
5.17
83.2 (8.8)

0.428
343 (36.2)
0.1428
672 (70.9)

0.666
158 (16.7)
0.0663
779 (82.2)

Scenario 3: 
MBC [wt%] 6.5 (~32 vol%)
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A: Stormwater - CIn [ug/L]
Time to reach CTh [years]

B: Stream - CIn [ug/L]
Time to reach CTh [years]

0.624
593 (62.6)
5.17
139 (14.7)

0.428
579 (61.1)
0.1428
1120 (119)

0.666
266 (28)
0.0663
1300 (137)

residential area in Denver, CO, until it reached a defined aquatic life threshold value, CTh. As 

expected, filter lifetimes increased with increasing biochar application rate (MBC) for all three 

pesticides, and lifetimes were highly dependent on the respective aquatic life threshold values and 

influent concentrations. The shortest breakthrough times were observed for atrazine with 

17.5 years (Scenario 1, stream water), followed by clothianidin with 32.3 years (Scenario 1, 

stormwater) and imidacloprid with 68.5 years (Scenario 1, stormwater). Our simulations indicate 

that even in a worst-case scenario with 5 vol% biochar only, the biofilter could effectively remove 

these pesticides from an impacted water for at least 17 years without endangering aquatic life in 

receiving waters.

3.7. Environmental Implications

Biochar amendments of biofiltration systems offer a promising solution to mitigate the 

environmental and ecotoxicological impacts of hydrophilic TOrCs such as herbicides and 

insecticides. The distributed implementation of these green infrastructure systems in an urban 

watershed can decrease stormwater runoff peak flows, while at the same time decreasing 

concentration peaks via enhanced contaminant removal. The latter has been shown in a watershed-

scale model for the insecticide fipronil10 and may help to protect the aquatic and human health of 

local surface and groundwater bodies. In this study, we demonstrated the benefit of the combined 

presence of biochar and biofilm in a biofilter, which promoted conditions favorable for 

biodegradation, enhanced-sorptive removal, and possibly a regenerative effect to restore some of 
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the biochar’s sorption capacity over time. Our findings provide insight into the design of biofilter 

systems in practice: the addition of biochar in conjunction with a relatively porous media such as 

sand may help to establish an active microbial community in the biofilter with an estimated filter 

lifetime of over 15 years. A self-restoring system would certainly lead to less maintenance efforts 

and costs over the filter’s lifetime. In practice, the presence of biofilms would most likely not be a 

design choice but instead an inevitable feature of biofilters due to the presence of DOC and 

microorganisms in stormwater and various surfaces supporting microbial attachment. Furthermore, 

the results of our study indicate that biochar-amended biofilters are not a significant source of TPs 

into the environment. More importantly, most of the TPs that were detected are less toxic than 

their respective parent compounds, which has important environmental risk implications. 

Biofilters are relatively non-invasive and, especially when vegetated, add important green space 

to urban areas, which may offer co-benefits beyond flood control and water quality 

enhancement.102,103
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