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Water impact statement 

Incorporating an ultraviolet photolysis step during partial biological nitritation could be 

used to enhance the transformation of pharmaceuticals found in municipal wastewater through 

the generation of hydroxyl radicals via nitrite photolysis. Formation of nitrogenous disinfection 

byproducts, however, could be a concern. 
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19 Abstract

20 The first step of an anaerobic ammonia oxidation (anammox) system is typically the 

21 formation of nitrite (NO2
-) via partial nitritation, which can generate hydroxyl radical (OH) 

22 when irradiated with ultraviolet (UV) light. This study demonstrated that the presence of nitrite 

23 in buffer and wastewater matrices during medium-pressure UV irradiation (at λ ≥ 220 or ≥ 280 

24 nm) enhanced the degradation of select pharmaceutical compounds of different therapeutic 

25 classes (atenolol, carbamazepine, fluoxetine, and trimethoprim). Total pharmaceutical removals 

26 in a wastewater matrix irradiated at λ ≥ 280 for 120 minutes were 47% for trimethoprim, 50% for 

27 carbamazepine, 60% for atenolol, and 57% for fluoxetine at fluences of 58.6 mEi m-2 (2033.1 mJ 

28 cm-2). When irradiated at λ ≥ 220 for 60 minutes, removals were 52% for trimethoprim, 56% for 

29 carbamazepine, 69% for atenolol, and 90% for fluoxetine at fluences of 634.7 mEi m-2 (23969.2 

30 mJ cm-2). Reaction with OH accounted for ~78 – 90% of pharmaceutical removal at λ ≥ 280 nm. 

31 Although direct photolysis did contribute to target compound removal for irradiation with λ ≥ 

32 220 nm, much of the light was absorbed in the buffer and wastewater matrices, and reaction with 

33 OH accounted for ~70 – 93% of pharmaceutical removal. Quencher experiments with 

34 isopropanol confirmed the importance of reaction with OH as the main contributor to 

35 pharmaceutical removal. para-Chlorobenzoic acid was used as a probe to estimate steady-state 

36 OH concentrations, which averaged 8.58×10-15 M for both matrices at λ ≥ 280 nm and 3.50×10-

37 14 M for both matrices at λ ≥ 220 nm. Nitrosamines were formed and accumulated during the UV 

38 treatment step, however, concomitant with their direct photochemical destruction. Presence of 

39 the pharmaceutical micro-pollutants studied, such as the secondary-amine containing atenolol 

40 and fluoxetine, did not elevate nitrosamine formation. 

41
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42 Introduction 

43 Contaminants of emerging concern (CECs) are common household and industrial 

44 chemicals that have been detected in wastewater treatment plant effluent and effluent-impacted 

45 water bodies.1,2 In wastewater treatment, biological processes such as conventional activated 

46 sludge are commonly used, but were not specifically designed for the removal of CECs.2,3 

47 Pharmaceuticals and personal care products are amongst the myriad of potentially recalcitrant, 

48 unregulated CECs that are detected in effluent and the environment.1,4 Of the pharmaceuticals 

49 detected in wastewater effluent and surface water, beta-blockers, antidepressants, antibiotics, 

50 and the antiepileptic carbamazepine are some of the most studied because they are highly 

51 prescribed, ubiquitous in wastewater influent, and exhibit variable susceptibility to biological 

52 removal, with carbamazepine considered particularly recalcitrant.1–3,5 As a result, these 

53 compounds have been frequently detected in wastewater effluent at nanogram to microgram per 

54 liter concentrations.1–3,6 Several pharmaceuticals, including carbamazepine and trimethoprim, 

55 have also shown a degree of persistence in the environment, with photolysis being identified 

56 over biodegradation and hydrolysis as an important loss mechanism in sunlight-exposed 

57 surface water.7–11 Consequently, the use of photolysis for treatment of CECs has generated 

58 interest.12–18 

59 Because conventional wastewater treatment processes are energy intensive, a shift is 

60 occurring towards energy neutral treatment and re-envisioning wastewater as a renewable 

61 resource with the potential for energy recovery.19 One way in which this re-envisioning is 

62 taking place is through the replacement of energy-intensive conventional biological nitrogen 

63 removal (BNR) (nitrification-denitrification) with partial-nitritation/anammox (PN/A), in which 

64 ammonia is first partially biologically oxidized to nitrite, followed by a second anaerobic 
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65 biological ammonia oxidation step to nitrogen gas, in which ammonium serves as the electron 

66 donor and nitrite is the electron acceptor.20–23 The use of PN/A leads to an estimated 25% to 

67 60% reduction in aeration requirements, with resulting reductions in energy use.19,22–24 There is 

68 evidence for biological removal of CECs during PN/A treatment,25–27 but an opportunity might 

69 exist to combine PN/A with chemical treatment to provide more complete CEC removal. 

70 In aqueous systems at environmentally relevant pH values, nitrite is known to absorb 

71 UV light in the 200 to 400 nm range and produce hydroxyl radical (OH; quantum yield 0.024-

72 0.078, compared to 0.007 – 0.014 for nitrate28), a non-selective and highly reactive species that 

73 oxidizes organic contaminants.29–32 Many trace organic contaminants have been effectively 

74 removed by advanced oxidation processes (AOPs) that generate OH.16,18,33,34 For example, 

75 carbamazepine, atenolol, fluoxetine, and trimethoprim are all known to be degraded via 

76 reaction with OH.8,11,12,16,18,35 In systems containing nitrite, such as a system in which partial 

77 nitritation has taken place, a UV disinfection step could be leveraged to generate a de facto 

78 AOP using constituents in the wastewater13 prior to the second anammox step, especially 

79 because nitrite is a more efficient producer of hydroxyl radical compared to nitrate. 

80 While production of reactive radical species, such as hydroxyl radical, from nitrite and 

81 nitrate photolysis has been extensively studied in sunlit natural waters,9,29,30,36–40 much of the 

82 work investigating the relevance of this phenomenon to contaminant degradation with regard to 

83 water and wastewater treatment processes has focused on the impact of nitrate during UV or 

84 sunlight photolysis.12,13,17,41–43 Many of the referenced studies looking at contaminant 

85 degradation in effluent have focused on nitrified wastewater. Rosario-Ortiz et al.16 briefly touch 

86 on the influence of nitrite in their study of pharmaceutical oxidation in wastewater (by 

87 UV/H2O2), but only in terms of its hydroxyl radical scavenging capacity. Bahnmüller et al.44 
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88 attribute a percentage of antibiotic transformation in effluents to hydroxyl radical generated by 

89 the photolysis of nitrite. Their experiments, however, were conducted using a solar simulator or 

90 a medium pressure mercury lamp transmitting λ > 320 nm. In their study on medium pressure 

91 UV disinfection of nitrified effluents, Keen et al.13 determined both the quantum yield for OH 

92 formation from nitrite at λ < 240 nm and the steady-state hydroxyl radical concentrations 

93 produced because there is a synergistic effect wherein nitrate photolysis can generate nitrite, 

94 which photolyzes to produce additional OH. It should also be noted that the NO2
- 

95 concentrations in the aforementioned studies were below 1 mg/L-N. The study presented herein 

96 is the first to investigate the steady-state concentration of hydroxyl radical produced by nitrite 

97 and subsequent degradation of several organic contaminants in nitritated wastewater, that is 

98 water with appreciable levels of nitrite (e.g., around 20 mg/L-N), when irradiated by a medium 

99 pressure mercury vapor lamp at shorter wavelength ranges. The results of this study are all the 

100 more important because it was previously concluded that UV photolysis of NO2
- would not be a 

101 viable advanced oxidation technology.29

102 Nevertheless, one concern with this strategy is formation of nitrosamines from nitrite or 

103 pharmaceutical compounds containing secondary amines.45–49 Photonitrosation of natural 

104 organic matter can occur after medium pressure UV irradiation of nitrite.50 One nitrosamine, N-

105 nitrosodimethylamine (NDMA), reportedly forms photochemically in the presence of nitrite via 

106 nitrosation, though NDMA is also subsequently and rapidly degraded 

107 photochemically.29,45,47,51–53 It has also been hypothesized that amine-containing 

108 pharmaceuticals can serve as important sources of NDMA precursors in domestic 

109 sewage.45,48,51 There has been no work, however, identifying and attributing the relative 
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110 importance of specific constituents for nitrosamine formation during UV treatment of 

111 wastewater effluent. 

112 In this study, the prospect of implementing UV irradiation in between partial nitritation 

113 and annamox processes as a potential means for enhancing removal of pharmaceuticals was 

114 evaluated. The compounds selected for study, carbamazepine, trimethoprim, fluoxetine, and 

115 atenolol, are regularly prescribed and have been routinely detected in wastewater effluents, 

116 receiving water bodies, and drinking water supplies54–56 and are neither readily biodegraded nor 

117 destroyed rapidly by solar direct photolysis. It was hypothesized that the nitrite in solution 

118 would efficiently generate OH and lead to transformation of contaminants via indirect 

119 photolysis. The possibility of photochemical nitrosamine formation from both nitrite and the 

120 pharmaceuticals themselves was assessed, and a kinetic model was developed that factored in 

121 both formation and destruction of NDMA by UV to evaluate nitrosamine concentration under 

122 different worst-case scenarios. 

123

124 Materials and Methods 

125 Chemicals and reagents 

126 All pharmaceutical compounds used in this study were reagent or analytical grade (≥ 

127 98% pure) and used as received: carbamazepine (Acros Organics), trimethoprim (Acros 

128 Organics), fluoxetine hydrochloride (TCI America), and atenolol (Sigma-Aldrich). Structures are 

129 shown in Table S1. Aqueous stocks and solutions were prepared using ultrapure water 

130 (resistivity 18.2 MΩ-cm, Millipore Corp). para-Chlorobenzoic acid (pCBA; Acros Organics) 

131 was used as a hydroxyl radical probe.57 Sodium nitrite (>95%, Fisher) and ammonium sulfate 

132 (≥99%, Sigma-Aldrich) salts were added to adjust the concentrations of desired nitrogen species 
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133 in experimental solutions. Atrazine (99.8%, Fluka) was used as an actinometer.58 High pressure 

134 liquid chromatography (HPLC) grade isopropanol (IPA; 99.9%, Fisher) was used as a radical 

135 quencher. HPLC grade acetonitrile (99.9%, Fisher) was used in HPLC eluents.

136

137 Reactor effluent collection and processing 

138 Wastewater effluent was collected from a 5-L bench-scale biological sequencing batch 

139 reactor operated under conditions favorable to anammox, fed a synthetic nitrite- and ammonium-

140 rich influent, and seeded with sludge from a full-scale DEMON system (York River wastewater 

141 treatment plant, Seaside, VA).27 The effluent was collected in a clean plastic container over one 

142 complete pump-out cycle from the reactor and was stored overnight in the dark at 4 °C until 

143 further processing and analysis the following day. The effluent was transferred to four 250-mL 

144 sterile Corning centrifuge tubes and centrifuged at 5,000 rpm for 35 minutes at 2 °C. The 

145 supernatant was then vacuum filtered; first, through 0.7-μm pre-combusted glass fiber filters to 

146 remove larger solids and particulate matter and then through a 0.2-μm Omnipore membrane filter 

147 (Millipore). The filtered effluent was subsequently analyzed for anions, ammonium, dissolved 

148 organic carbon (DOC), dissolved inorganic carbon (DIC), and pH, then stored at 4 °C in the dark 

149 until use. The reactor effluent water quality measurements are provided in Table S2.

150

151 Experimental set-up 

152 Photolysis Experiments. Photolysis experiments with individual compounds were 

153 performed in duplicate in ultrapure water and two nitrogen-containing matrices: (1) a carbon-free 

154 synthetic wastewater matrix containing sodium nitrite and ammonium sulfate at approximately 

155 20 mg-N/L each (referred to as “synthetic nitrogen-containing matrix”) and (2) the wastewater 
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156 matrix to which additional sodium nitrite and ammonium sulfate were added to reach 

157 approximately 20 mg-N/L of each nitrogen species (referred to as “nitrogen-containing 

158 wastewater matrix”). These ammonium and nitrite concentration levels were selected as a 

159 reasonable amount to expect from an actual partial-nitritation preparatory step based on a range 

160 of ammonium values found in effluent from studies on anaerobic treatment of domestic 

161 wastewater (9 – 67 mg of N/L)24 and typical partial nitritation stoichiometry.20,59,60 The ultrapure 

162 water and “synthetic nitrogen-containing matrix” solutions were buffered (5 mM phosphate 

163 buffer, pH 7.5) to match the pH of the wastewater reactor effluent (reported in Table S2). 

164 The extent of pharmaceutical degradation in these systems was assessed by tracking loss 

165 of the parent compound under two UV irradiation conditions. Pharmaceuticals were amended 

166 from concentrated aqueous stock solutions (prepared in unbuffered ultrapure water) to achieve a 

167 concentration of approximately 1 μM. The initial pharmaceutical concentration was selected to 

168 be high enough to ensure adequate detection and quantification during the course of the 

169 experiment and low enough so as not to contribute significantly to background radical 

170 scavenging or light screening. 

171 Test solutions were irradiated in capped quartz test tubes (V=10 mL, i.d.= 1.1 cm, o.d.= 

172 1.3 cm)17,61 with a 450-W medium-pressure mercury vapor lamp (Ace Glass Inc., Vineland NJ) 

173 emitting polychromatic light. The lamp was situated in a quartz immersion well with tap water 

174 circulation. Samples were placed in a merry-go-round equipped with a fan for temperature 

175 control, which rotated around the lamp. The lamp was warmed up for at least 10 minutes prior to 

176 sample irradiation to ensure full, steady power output. Steady output was confirmed on two 

177 occasions using a broadband PMA2100 radiometer with PMA2110-WP (UVA) and PMA2106-

178 WP (UVB) detectors. Either a quartz (λ ≥ 220 nm) or Pyrex (λ ≥ 280 nm) cutoff filter sleeve was 
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179 used for experiments. Control experiments to account for direct photolysis consisted of spiking 

180 the pharmaceutical compounds into buffered ultrapure water without nitrite or ammonium. 

181 Control experiments to account for non-photochemical losses were also performed in which the 

182 test tubes were wrapped in aluminum foil. Sub-samples from all test tubes were withdrawn at 

183 regular time intervals using pre-combusted glass Pasteur pipettes and the concentration of the 

184 pharmaceuticals was measured. 

185 Pseudo first-order reaction rate constants were derived from the slopes determined by 

186 linear regression of natural log concentration versus time plots of the data. The 95% confidence 

187 intervals for each rate constant were calculated by multiplying the standard error of the slope 

188 from Excel’s LINEST function by the results of the two-tailed inverse of the Student’s t-

189 distribution (T.INV.2T function in Excel). 

190 To test for nitrosamine formation, six 50-mL aliquots of the nitrogen-containing 

191 wastewater effluent with a molar concentration of approximately 9.92 × 10-4 M nitrite were 

192 apportioned out for total N-nitrosamine (TONO) formation experiments. Half of the aliquots 

193 were spiked with a cocktail of pharmaceuticals (1 μM of each). Duplicate samples were 

194 irradiated in borosilicate test tubes with the 280 nm cutoff in place or in quartz test tubes with the 

195 220 nm cutoff. A dark control wrapped in aluminum foil was also irradiated for each condition. 

196 Samples were exposed for 2 hours with the aim of achieving pharmaceutical degradation to at 

197 least two half-lives. Samples were stored at 4 °C in glass bottles prior to being shipped on ice to 

198 Syracuse University.

199 Lamp fluence measurement. Chemical actinometry was used to characterize the UV 

200 dose or fluence of the lamp. The incident photon fluence rate value or incident photon irradiance, 

201 , in the wavelength intervals from 220 nm or 280 nm to 405 nm (because nitrite absorbs deep 𝐸0
𝑝
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202 UV (λ<240 nm) as well as wavelengths up to 400 nm13) was determined at low optical density 

203 using 9 μM aqueous atrazine, buffered at pH 7.0 in 10 mM phosphate buffer, as an 

204 actinometer58,62,63. Identical geometry and similar solution volumes were used as in the 

205 photolysis experiments. Per Canonica et al.,58 using the spectral energy distribution of radiated 

206 mercury lines provided by the lamp manufacturer, and assuming negligible light absorbance or 

207 attenuation over the depth of the solution, the fluence was calculated according to:

208 (1)𝐸0
𝑝(𝜆1 ― 405 𝑛𝑚) =

𝑘𝑝,𝑎𝑡𝑟

2.303𝜙𝑎𝑡𝑟∑405 𝑛𝑚
𝜆1

(𝑓𝑝,𝜆𝜀𝑎𝑡𝑟,𝜆)

209 where    is the pseudo first-order rate of atrazine degradation,  is 𝜆1 = 220 𝑜𝑟 280 𝑛𝑚, 𝑘𝑝,𝑎𝑡𝑟 𝜙𝑎𝑡𝑟

210 the quantum yield of atrazine degradation ( assuming wavelength 0.046 𝑚𝑜𝑙 𝐸𝑖 ―1) 

211 independence,  is the photon flux-based emission spectrum of the lamp normalized over the 𝑓𝑝,𝜆

212 wavelength interval, and is the molar absorption coefficient of atrazine. Because the 𝜀𝑎𝑡𝑟,𝜆 

213 experiment was performed in buffered Milli-Q water, and the solute concentration was relatively 

214 low, it was assumed that negligible light absorption (i.e., α×z < 0.02, where α is the light 

215 attenuation coefficient and z is solution depth) occurred, allowing the use of the near-surface 

216 approximation. The incident photon fluence rate values (  were determined to be 𝐸0
𝑝) 176.3 𝜇𝐸𝑖 

217  (  and  for 220 – 405 nm and 280 𝑚 ―2𝑠 ―1 6.7 𝑚𝐽 𝑐𝑚 ―2𝑠 ―1) 8.1 𝜇𝐸𝑖 𝑚 ―2𝑠 ―1 (0.3 𝑚𝐽 𝑐𝑚 ―2𝑠 ―1)

218 – 405 nm, respectively.  UV fluence values reported below are calculated by using the 

219 appropriate Ep
0 value multiplied by the exposure time. 

220 Quantification of hydroxyl radical concentrations. The steady-state hydroxyl radical 

221 concentration ([OH]ss) was calculated from the disappearance of 5 μM of the radical-specific 

222 molecular probe compound pCBA in the nitrogen-containing matrices irradiated under the same 

223 conditions as the pharmaceuticals. It is also possible that reactive nitrogen species such as NH2
•, 

224 NO•, and NO2
• could form in these systems.29,31,64 Evidence suggests, however, that these species 
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225 are less potent oxidants than hydroxyl radical. Reactivity between pCBA or benzoate ion has not 

226 been reported for NO2
• or NO•. NH2

• does not appear to react quickly with benzoate ion (k 

227 <1x105 M-1 s-1 at pH 11.2).65

228 A direct photolysis control of the probe compound in buffered ultrapure water was also 

229 performed. If pCBA concentration is sufficiently low so as not to affect [OH]ss, the rate of 

230 pCBA loss is proportional to the OH concentration, and follows pseudo first-order kinetics:

231 (2)
𝑑[𝑝𝐶𝐵𝐴]

𝑑𝑡 = ―𝑘′𝑝𝐶𝐵𝐴[𝑝𝐶𝐵𝐴]

232 (3)𝑘′𝑝𝐶𝐵𝐴 = 𝑘 ∙ 𝑂𝐻,𝑝𝐶𝐵𝐴[ ∙ 𝑂𝐻]𝑠𝑠

233 Rate constants ( ) were determined as described above. The second-order scavenging 𝑘′

234 rate constant for reaction of pCBA with OH is kOH,pCBA = 5 × 109 M-1s-1.66 Thus, [OH]ss = 

235 /kOH,pCBA. For λ ≥ 280 nm, direct photolysis rates were subtracted to ascertain the indirect 𝑘′𝑝𝐶𝐵𝐴

236 contribution. The overall pseudo first-order photolysis rate constant for compound loss in the 

237 nitrogen-containing matrices is  and the indirect photolysis pseudo first-order 𝑘′𝑛𝑖𝑡𝑟𝑜𝑔𝑒𝑛 ― 𝑐𝑜𝑛𝑡𝑎𝑖𝑛𝑖𝑛𝑔

238 rate constant is , where is the direct photolysis 𝑘′𝑖𝑛𝑑𝑖𝑟𝑒𝑐𝑡,280 = 𝑘′
𝑛𝑖𝑡𝑟𝑜𝑔𝑒𝑛 ― 𝑐𝑜𝑛𝑡𝑎𝑖𝑛𝑖𝑛𝑔 ― 𝑘′𝑑𝑖𝑟𝑒𝑐𝑡 𝑘′𝑑𝑖𝑟𝑒𝑐𝑡

239 pseudo first-order rate constant of the compound in buffer. 

240 To assess and account for any direct photochemical losses of pCBA in the nitrite-

241 containing matrices for λ ≥ 220 nm, 1% IPA, a OH quencher,12,17,61  was added to determine the 

242 role of indirect versus direct photolysis of the probe. If IPA dramatically suppresses the reaction, 

243 it would indicate that direct photolysis reactions are limited due to light screening by the nitrite 

244 or other matrix components, and loss of pCBA in the unquenched samples was due to interaction 

245 with OH. Thus, the decrease in the pseudo first-order rate constant resulting from the quenching 

246 of OH in the nitrogen-containing synthetic and wastewater matrices would be equivalent to the 

247 contribution of OH to overall photolysis of the probe (i.e., 𝑘′𝑖𝑛𝑑𝑖𝑟𝑒𝑐𝑡,220 = 𝑘′
𝑛𝑖𝑡𝑟𝑜𝑔𝑒𝑛 ― 𝑐𝑜𝑛𝑡𝑎𝑖𝑛𝑖𝑛𝑔 ―
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248 ) as distinct from direct photolysis, allowing for an upper bound estimate 𝑘′𝑛𝑖𝑡𝑟𝑜𝑔𝑒𝑛 ― 𝑐𝑜𝑛𝑡𝑎𝑖𝑛𝑖𝑛𝑔,𝐼𝑃𝐴

249 of steady-state hydroxyl radical concentration. Equation 4 shows the calculation for steady-state 

250 hydroxyl radical concentration for λ ≥ 220 nm. 

251 (4)[ ∙ 𝑂𝐻]𝑠𝑠,220 = 𝑘′𝑖𝑛𝑑𝑖𝑟𝑒𝑐𝑡,220 𝑘 ∙ 𝑂𝐻,𝑝𝐶𝐵𝐴

252 Experimental bimolecular rate constants for reaction of each pharmaceutical with OH 

253 could be determined using the calculated steady-state OH concentrations and the pseudo first-

254 order rate constants for pharmaceutical loss, as shown in equation 5:

255 (5)𝑘𝑂𝐻,𝑃ℎ𝑎𝑟𝑚 =
𝑘′𝑖𝑛𝑑𝑖𝑟𝑒𝑐𝑡

[ ∙ 𝑂𝐻]𝑠𝑠

256 Indirect photolysis contribution to pharmaceutical loss. The indirect photolysis 

257 contribution in the two nitrogen-containing matrices was estimated using equation 6 and the 

258 respective  values for each pharmaceutical at λ ≥ 220 nm and 280 nm. 𝑘′𝑖𝑛𝑑𝑖𝑟𝑒𝑐𝑡

259 (6)% 𝑖𝑛𝑑𝑖𝑟𝑒𝑐𝑡 =
𝑘′𝑖𝑛𝑑𝑖𝑟𝑒𝑐𝑡

𝑘′𝑛𝑖𝑡𝑟𝑜𝑔𝑒𝑛 ― 𝑐𝑜𝑛𝑡𝑎𝑖𝑛𝑖𝑛𝑔
× 100

260 Analytical methods

261 Water quality parameters. Anions (nitrate and nitrite) were measured by ion 

262 chromatography using a Metrohm Compact ion chromatograph. Combined nitrite and nitrate 

263 standards made with sodium salts were also run to generate calibration curves.  Ammonium 

264 (measured as ammonia) was measured colorimetrically using a Hach Test ‘N TubeTM kit 

265 (AmVerTM High Range Ammonia Reagent Set 2606945, Method 10031, Hach Corporation) and 

266 a Hach DR 900 colorimeter. Dissolved organic carbon (DOC), as non-purgeable organic carbon, 

267 and dissolved inorganic carbon (DIC) were measured with a Shimadzu TOC-L total organic 

268 carbon analyzer. Calibration curves were generated using potassium hydrogen phthalate for DOC 

269 and anhydrous sodium carbonate and sodium bicarbonate for DIC. Reactor effluent pH was 
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270 measured using a calibrated Thermo Orion pH probe and Thermo Orion DUAL STAR pH/ISE 

271 meter (pH 4, 7, and 10 standard solutions from BDH VWR Analytical).

272 Absorption spectra. Light absorbance of the matrices and buffered aqueous 

273 pharmaceutical, pCBA, and actinometer solutions at the same concentration used in experiments 

274 (1-9 μM) were measured with a Shimadzu UV-1601PC spectrophotometer using 1 cm quartz 

275 cuvettes (Figure S1).

276 Measurement of pharmaceutical compounds, pCBA, and atrazine. Sub-samples were 

277 dispensed into 200 μL HPLC vial inserts. Losses of the pharmaceutical compounds, atrazine, and 

278 pCBA were measured using an Agilent 1100 HPLC equipped with a UV absorbance detector. 

279 Isocratic HPLC methods are summarized in the Electronic Supplementary Information (Table 

280 S3). 

281 Nitrosamine quantification. TONO analysis followed protocols described 

282 previously.48,67,68 Details are provided in the ESI.

283

284 Results and Discussion

285 Reactions driven by OH in nitrogen-containing wastewater matrices at λ ≥ 280 nm

286 pCBA degradation was used to determine the steady state concentration of OH produced 

287 from the photolysis of the nitrogen-containing matrices at λ ≥ 280 nm. pCBA degradation was 

288 pseudo first-order for λ ≥ 280 conditions (Figure 1A), demonstrating that OH formed in the 

289 nitrogen-containing matrices at fluences up to 73.2 mEi m-2. The kinetics in both the nitrogen-

290 containing synthetic matrix and wastewater were very similar (Table S4a), suggesting that nitrite 

291 was responsible for OH production. The calculated steady-state OH concentrations are reported 

292 in Table 1, and were similar to those measured by Keen et al.,13 despite significantly higher 
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293 nitrite concentrations in our system (20 mg/L as N compared to ~0.6 mg/L as N resulting in an 

294 [OH]ss ≈ 3.25×10-14 M13). Carbonate species, DOC, and ammonium in the wastewater likely 

295 consumed a portion of the OH produced.13,36,66 It is likely that nitrite not only produced, but also 

296 scavenged the OH (k = 1.1 x 1010 M-1s-1).13,37 

297 Table 1. Steady-state Hydroxyl Radical Concentrationsa

Nitrogen-containing Matrix [OH]ss, 280 (M) [OH]ss, 220 (M)

Synthetic 8.48±0.27 ×10-15 3.76±0.85 ×10-14

Wastewater 8.69±0.30 ×10-15 3.24±0.84 ×10-14

aErrors are 95% confidence intervals
298

299 Pharmaceutical compounds were photolyzed at λ ≥280, under conditions where direct 

300 photolysis was limited and indirect processes dominated (Figure 1). The degradation of the 

301 pharmaceuticals was enhanced in the two nitrogen-containing matrices relative to the buffer 

302 control (Figure 1; pseudo first order rate constants in Table S4a). The indirect photolysis 

303 contribution in the two nitrogen-containing matrices was estimated (Equation 6); it was 

304 determined that indirect photolysis was responsible for approximately 76% (synthetic) to 80% 

305 (wastewater) of the fluoxetine loss; 90% of the carbamazepine loss (both matrices); 84% 

306 (wastewater) to 85% (synthetic) of the trimethoprim loss; and 87% (synthetic) to 91% 

307 (wastewater) of the atenolol loss.
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308  

309 Figure 1. para-Chlorobenzoic acid (pCBA) and pharmaceutical compound photodegradation at 
310 λ ≥ 280 nm as a function of time and corresponding UV fluence in buffer (black, ), 
311 synthetic nitrogen-containing matrix (red, ), synthetic nitrogen-containing matrix 
312 with IPA added (purple, ), nitrogen-containing wastewater matrix (blue, ), and 
313 nitrogen-containing wastewater matrix with IPA (green, ). Panels are: (A) pCBA, 
314 (B) trimethoprim, (C) carbamazepine, (D) fluoxetine, and (E) atenolol. Error bars 
315 represent one standard deviation of duplicates.
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316
317 Reaction by indirect photolysis is attributed to reactions between OH and the 

318 pharmaceuticals. As seen in Figure 1, the addition of IPA (a OH (and CO3
-) quencher) to the 

319 nitrogen-containing matrices significantly slowed the reaction kinetics. This indicates that much 

320 of the loss seen beyond direct photolysis (observed in the buffer control) was a result of OH 

321 production/reaction. For fluoxetine and atenolol, degradation rates were faster in the wastewater 

322 compared to the synthetic nitrogen-containing matrix, but the addition of IPA to both matrices 

323 decreased the rate of pharmaceutical degradation to about that observed in the buffer control. 

324 Lam et al.8 found that CO3
- could play a role in fluoxetine degradation, though oxidation with 

325 OH was likely dominant. Research on the indirect photolysis of atenolol has suggested that 

326 reactions can occur with CO3
-, albeit at slower rates compared to those with OH.12 Conversely, 

327 others suggested that OH was not a major sink for atenolol, whereas reactions with singlet 

328 oxygen and triplet excited states were important.35,69 Our results, however, support the 

329 importance of OH reactions with fluoxetine and atenolol in these nitrite-containing matrices.11 

330 Experimental bimolecular rate constants for reaction of each pharmaceutical with OH were 

331 determined and are presented in Table 2. The calculated second order rate constants are 

332 consistent with a range of literature values collected under various conditions,8,9,14–16,18,70,71 again 

333 indicating that OH was the primary reactive species in the system. 

334

335

336

337

338

Page 17 of 37 Environmental Science: Water Research & Technology



17

339 Table 2. Second-order rate constants for reaction with hydroxyl radical in the nitrogen-
340 containing synthetic matrix and wastewatera

λ ≥ 280 nm λ ≥ 220 nm
Synthetic matrix Wastewater Synthetic matrix Wastewater

Compound kOH (M-1s-1) kOH (M-1s-1) kOH (M-1s-1) kOH (M-1s-1) Literature 
values (M-1s-1)

Carbamazepine 9.34± 0.60×109 9.23±1.01×109 6.20±1.41×109 7.05±1.83×109 3 – 10×109 
9,14,15,18,70 

Trimethoprim 9.39±0.60×109 8.32±0.73×109 5.46±1.28×109 6.04±1.62×109 6 – 8×109 16,18

Fluoxetine 8.68±0.99×109 1.08±0.07×1010 N/A N/A 8 – 10×109 8,18

Atenolol 8.94±1.37×109 1.31±0.08×1010 3.53±1.30×109 6.83±1.78 ×109 7 – 8×109 

16,18,71

aErrors are 95% confidence intervals
341

342 Photolysis reactions in nitrogen-containing wastewater matrices at λ ≥220 nm

343 As with the experiments at λ ≥ 280 nm, pCBA degradation was assessed at λ ≥ 220 nm to 

344 clarify the roles of direct and indirect photolysis, light screening, and OH in the nitrogen-

345 containing matrices. The degradation of pCBA exhibited pseudo first-order kinetics for λ ≥ 220 

346 experiments. Direct photolysis of pCBA occurred as a result of light absorption by pCBA 

347 between 220 and 260 nm (Figure S1). The rate of pCBA photolysis at wavelengths above 220 

348 nm in buffer was faster than that observed in matrices containing nitrite, however, indicating 

349 light screening, and a subsequent slowing of direct photolysis by constituents in the nitrogen-

350 containing matrices occurred (Figure 2, Table S4b). pCBA photolysis was also performed with 

351 1% IPA amendment to assess the role of OH in the system. Because IPA might also quench the 

352 direct photolysis process of pCBA if a radical intermediate is involved, a buffer control with IPA 

353 and pCBA was also run. Results (Figure 2A) showed that IPA reduced the direct photolysis rate 

354 constant of pCBA by 37% (2.96±0.16 × 10-2 min-1) in the buffer control, which could indicate 

355 quenching of a radical back to the parent compound. The pseudo first-order rate constant for 

356 pCBA degradation in buffer with IPA, after correcting for screening (following previously 

357 established methods72,73 described in the ESI), were comparable to the values observed in the 
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358 nitrogen-containing matrices, suggesting that direct photochemical degradation could account for 

359 some of the pCBA loss observed in the nitrogen-containing matrices under the tested conditions. 

360 When IPA was added to the nitrogen-containing matrices, however, the reaction slowed 

361 dramatically (Figure 2A), with the pseudo first-order rate of pCBA loss in the IPA-quenched 

362 experiment (5.10±2.50×10-3 min-1) about 69% lower than in the unquenched analogue (Table SI 

363 4b). Taken together, these results corroborate that direct photolysis was effectively screened in 

364 the nitrogen-containing matrices, with screening factor calculations (Table S5) suggesting that 

365 the matrices screen more than half of light (Figure 2, Table S4b). Loss of pCBA in the nitrogen-

366 containing matrices, therefore, is treated as a reaction with predominantly OH, with direct 

367 photolysis minimal in these matrices due to light screening, and the [OH]ss reported in Table 1 is 

368 an upper bound estimate in the system. 
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369  

370 Figure 2. pCBA and pharmaceutical compound photodegradation at λ ≥ 220 nm as a function 
371 of time and corresponding UV fluence in buffer (black, ), buffer with IPA (dark 
372 purple, ), synthetic nitrogen-containing matrix (red, ), synthetic nitrogen-
373 containing matrix with IPA (purple, ), nitrogen-containing wastewater (blue, ), 
374 and nitrogen-containing wastewater with IPA (green, ). Panels are: (A) pCBA, (B) 
375 trimethoprim, (C) carbamazepine, and (D) atenolol. Photolysis of fluoxetine occurred 
376 rapidly with complete disappearance within a few minutes; therefore, the data is not 
377 shown. Error bars represent one standard deviation of duplicates.
378

379 In the case of the pharmaceuticals, both direct and indirect photolysis were also observed, 

380 with the degradation of each pharmaceutical faster by an order of magnitude or more when 

381 photolyzed under λ ≥ 220 nm conditions (Table S4b). Indeed, at these lower wavelengths the 

382 pharmaceuticals experienced significantly enhanced direct photolysis in the solutions without 

383 nitrogen. For example, photolysis of fluoxetine under λ ≥ 220 conditions occurred so rapidly that 
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384 complete disappearance was observed within a few minutes (data not shown). Trimethoprim 

385 exhibited substantial direct photolysis in buffer, and the reaction occurred faster than in the 

386 nitrogen-containing matrices, even after accounting for screening. Similar to pCBA, estimated 

387 screening factors indicated light screening occurred in the nitrogen-containing matrices, limiting 

388 the direct photolysis. IPA quenched the reactions in these matrices, almost completely so for 

389 carbamazepine and trimethoprim and approximately 69-72% for atenolol (Figure 2). Thus, like 

390 for pCBA, light was absorbed by nitrite and other constituents in the synthetic and wastewater 

391 matrices, and direct photolysis was inhibited by light screening in these nitrogen-containing 

392 matrices. 

393 Bimolecular rate constants for reaction of carbamazepine and trimethoprim with OH 

394 were again estimated (Table 2) as described previously in equation 5, with the exception that 

395  was considered negligible (due to screening as outlined above) and thus 𝑘′𝑑𝑖𝑟𝑒𝑐𝑡

396 . Calculation of bimolecular rate constants for atenolol was more 𝑘′𝑖𝑛𝑑𝑖𝑟𝑒𝑐𝑡 = 𝑘′
𝑛𝑖𝑡𝑟𝑜𝑔𝑒𝑛 ― 𝑐𝑜𝑛𝑡𝑎𝑖𝑛𝑖𝑛𝑔

397 complex. As discussed for the 280 nm conditions, atenolol is known to react with transient 

398 oxidants other than OH, such as CO3
-, singlet oxygen, and triplet state organic matter. The 

399 experimental results presented herein, however, indicated that while other processes are 

400 occurring that are responsible for the partial sensitized degradation of atenolol, OH is the major 

401 oxidant in the matrices. To better estimate the rate of indirect photolysis due to OH in the 

402 nitrogen-containing matrices, the pseudo first-order rate constants for the IPA spiked 

403 experiments were subtracted from the pseudo first-order rate constants of atenolol loss in the 

404 respective matrix (i.e., ). Overall, the 𝑘′𝑖𝑛𝑑𝑖𝑟𝑒𝑐𝑡,𝑂𝐻 = 𝑘′
𝑛𝑖𝑡𝑟𝑜𝑔𝑒𝑛 ― 𝑐𝑜𝑛𝑡𝑎𝑖𝑛𝑖𝑛𝑔 ― 𝑘′𝑛𝑖𝑡𝑟𝑜𝑔𝑒𝑛 ― 𝑐𝑜𝑛𝑡𝑎𝑖𝑛𝑖𝑛𝑔,𝐼𝑃𝐴

405 estimates of rate constants for reaction with OH at λ ≥ 220 nm (Table 2) are within 

406 approximately a factor of 2 of the values calculated at λ ≥ 280 nm and consistent with literature 
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407 values, indicating an important role for OH in the λ ≥ 220 nm experiments. Thus, while there is 

408 inherent error in these calculations due to the uncertainties associated with the steady-state [OH] 

409 estimate and assumptions made based on quencher experiment results, the values appear to be 

410 reasonable. We suspect the generally lower values of the second-order rate constants calculated 

411 for λ ≥ 220 compared to the experiments at λ ≥ 280 nm and literature values are due to these 

412 assumptions.

413

414 N-Nitrosamine formation potential

415 TONO were detected in the nitrogen-containing wastewater at average concentrations 

416 ranging from 467.2±31.8 ng/L as NDMA for λ ≥ 220 to 3332.0±72.7 ng/L as NDMA for λ ≥ 280 

417 (Figure 3) at corresponding fluences of  (  to  1269.3 𝑚𝐸𝑖 𝑚 ―2 47938.3 𝑚𝐽 𝑐𝑚 ―2) 58.6 𝑚𝐸𝑖 𝑚 ―2

418 ( , respectively. The trace levels of pharmaceuticals studied in these 2033.1 𝑚𝐽 𝑐𝑚 ―2)

419 experiments (1 μM of each of the four compounds), some of which contain secondary amine 

420 groups, did not increase TONO concentration (349.1±15.4 and 3310.6±14.6 ng/L as NDMA for 

421 λ ≥ 220 nm and λ ≥ 280 nm, respectively). TONO concentrations in the dark controls were below 

422 the LOQ (10 ng/L as NDMA). The significantly lower TONO concentrations in the nitrogen-

423 containing wastewater irradiated at λ ≥ 220 nm was attributed to greater subsequent photolytic 

424 removal of nitrosamines via direct photolysis compared to λ ≥ 280 nm. Due to the relatively high 

425 nitrite concentrations and possible microbiologically-derived organic nitrogen in the reactor 

426 effluent, the measured TONO concentrations were comparable to, or higher than, levels 

427 measured in raw (403-963 ng/L as NDMA), chloraminated (889-2110 ng/L as NDMA), and 

428 ozonated (910-2980 ng/L as NDMA) conventional (i.e., no nutrient removal) wastewater 

429 effluents.49 
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430

431

432 Figure 3. Total nitrosamines in amended reactor effluent samples (n=2) without and with the 
433 addition of all four pharmaceutical compounds (1 μM of each) irradiated with the 220 
434 or 280 nm cut-off filter. Error bars represent one standard deviation.
435

436 While NDMA is only a fraction of TONO measured in wastewaters,68,74 for the purposes 

437 of modeling a “worst-case” scenario, it is assumed that all nitrosamines formed are NDMA. A 

438 first-order linear ordinary differential equation (7) was used to model NDMA concentration as a 

439 function of time throughout the reaction vessel. The rate of formation (  was based on the 𝑅𝑁𝐷𝑀𝐴)

440 photochemical formation of NDMA as a function of dimethylamine and nitrite ion photolysis,47 

441 minus the rate of subsequent NDMA destruction by direct UV photolysis ( . 𝑘𝑙𝑜𝑠𝑠)

442 (7)
𝑑𝐶𝑁𝐷𝑀𝐴

𝑑𝑡 = 𝑘𝑓𝑜𝑟𝑚[𝑁𝑂 ―
2 ][𝐷𝑀𝐴] ―𝜙𝐼𝜆𝜀𝐶𝑁𝐷𝑀𝐴
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443 (8)
𝑑𝐶𝑁𝐷𝑀𝐴

𝑑𝑡 = 𝑅𝑁𝐷𝑀𝐴 ― 𝑘𝑙𝑜𝑠𝑠𝐶𝑁𝐷𝑀𝐴

444 (9)𝐶𝑁𝐷𝑀𝐴(𝑡) =
𝑅𝑁𝐷𝑀𝐴

𝑘𝑙𝑜𝑠𝑠
+ 𝛼𝑒 ― 𝑘𝑙𝑜𝑠𝑠𝑡

445 The term  is a constant of integration found using the initial condition  as 𝐶𝑁𝐷𝑀𝐴(𝑡 = 0) = 0,

446 shown in equation 9, and is calculated for each model scenario (equation10).

447 (10)𝛼 =
―𝑅𝑁𝐷𝑀𝐴

𝑘𝑙𝑜𝑠𝑠

448 Past research has shown that OH does not enhance the photodegradation of NDMA 

449 under polychromatic irradiation and that AOPs generating OH are less efficient compared to UV 

450 photolysis due to moderate second order rate constants.53,75 Furthermore, research has suggested 

451 that direct photolysis of NDMA dominated under natural sunlight in a wetland system.12 

452 Subsequently, NDMA loss as a result of reaction with OH was not included in this model for λ 

453 ≥ 280 nm and λ ≥ 220 nm conditions. 

454 Eight scenarios were modeled with  values derived from results reported by Lee 𝑅𝑁𝐷𝑀𝐴

455 and Yoon47 during the photolysis of 1 mM NO2
- with either 1 or 4 mM of DMA (i.e.,  for 𝑅𝑁𝐷𝑀𝐴

456 scenario 1 is for 1 mM DMA, for scenario 2 is for 4 mM DMA, and so on). It was 𝑅𝑁𝐷𝑀𝐴

457 determined that within the first 60 minutes of UV-A (300-400 nm) irradiation with a measured 

458 incident photon intensity of 1.4 × 10-5 Einstein L-1s-1, 1.26 × 104 ng/L (1.7 × 10-7 M) and 4.59 × 

459 104 ng/L (6.2 ×10-7 M) of NDMA formed with 1 and 4 mM DMA present, respectively.47 For 

460 each scenario,  varied and was based on data collected from the TONO measurements in the 𝑘𝑙𝑜𝑠𝑠

461 system presented above (Figure 3) and literature values. The rate of NDMA loss was calculated 

462 for scenarios 1-6 using equation 11 and assuming that a steady-state concentration of NDMA (

463  would be reached in the system, based on literature observations47.𝐶𝑁𝐷𝑀𝐴,𝑆𝑆)

464 (11)𝑘𝑙𝑜𝑠𝑠 =
𝑅𝑁𝐷𝑀𝐴

𝐶𝑁𝐷𝑀𝐴,𝑆𝑆
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465 In scenarios 1 and 2,  was derived using the approximate  from Lee and 𝑘𝑙𝑜𝑠𝑠 𝐶𝑁𝐷𝑀𝐴,𝑆𝑆

466 Yoon; approximate steady-state concentrations of NDMA at 180 minutes were estimated to be 

467 1.11 × 104 ng/L (1.5×10-7 M) and 4.44 × 104 ng/L (6.0×10-7 M) for 1 and 4 mM DMA 

468 respectively. In scenarios 3 – 6, measured TONO concentrations in reactor samples irradiated 

469 under conditions of λ ≥ 220 nm and λ ≥ 280 nm were used to estimate  values in our system. 𝑘𝑙𝑜𝑠𝑠

470 Because the measurements were made after 120 minutes of irradiation, it was assumed the 

471 concentration of TONO had reached steady state, and that concentration was treated as the 

472 equivalent steady state NDMA concentration. In scenarios 7 and 8, a time-based, average 𝑘𝑙𝑜𝑠𝑠

473  from Sharpless and Linden53 for direct photochemical reaction between 200 ( = 0.36 𝑚𝑖𝑛 ―1)

474 and 300 nm was used.

475 UV fluences above 500 mJ cm-2 were used for NDMA removal53 and a fluence of ~1000 

476 mJ cm-2 was required for a log order reduction in NDMA45. For all scenarios modeled (Figure 4) 

477 significant steady-state concentrations of NDMA formed over 120 minutes, assuming minimal 

478 destruction of nitrosamine precursors throughout irradiation. For scenarios 5 and 6, which 

479 exhibited the lowest steady-state concentrations, even with polychromatic light irradiation at λ≥ 

480 220 nm for 30 minutes – an equivalent fluence of , the 317.3 𝑚𝐸𝑖 𝑚 ―2 (11984.6 𝑚𝐽 𝑐𝑚 ―2)

481 model predicted NDMA concentrations reaching about 467 ng/L as NDMA.
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482    

483 Figure 4. Model of NDMA concentrations over time for 8 scenarios. Symbols and 
484 corresponding model variables, rate of formation (R, M min-1), rate constant of loss 
485 (k, min-1), and constant of integration (alpha), are summarized in the inset table in the 
486 left corner of the figure.  Rates of formation are a function of either 4 mM (indicated 
487 by open symbols) or 1 mM DMA (indicated by closed symbols) and 1 mM nitrite for 
488 λ = 300-400 nm. Scenarios 1 and 2 are represented by squares (,) with rates of 
489 loss calculated from Lee and Yoon 200747 for λ = 300-400 nm; scenarios 3 and 4 are 
490 represented by circles (,) with rates of loss calculated from reactor effluent λ ≥ 
491 280 nm TONO measurements (Figure 3); scenarios 5 and 6 are represented by 
492 triangles (,) with rates of loss calculated from reactor effluent λ ≥ 220 nm TONO 
493 measurements (Figure 3); scenarios 7 and 8 are represented by upside down triangles 
494 (,) with the rate of loss constant determined by Sharpless and Linden 200353.
495

496 Conclusions

497 In a partially nitritated wastewater stream containing high levels of nitrite, trace 

498 pharmaceutical compounds could undergo photolytic degradation when exposed to UV. The 

499 results of this study also suggest that if nitritated effluents were exposed to solar light (for 
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500 example, in a treatment wetland or lagoon), trace organic contaminants would also be degraded 

501 by solar photolysis. Oxidation by OH was responsible for much of the degradation observed. 

502 This process could increase removal of organic contaminants found in municipal wastewater, in 

503 particular, compounds that are considered recalcitrant because they are not readily biodegraded 

504 or completely removed by conventional or anaerobic treatment and may have low direct 

505 photolysis quantum yields. Previous research has shown that some recalcitrant pharmaceuticals, 

506 such as carbamazepine, and their products can undergo enhanced biotransformation and 

507 mineralization after UV/H2O2 AOP treatment and antibiotics like trimethoprim can have no 

508 antibacterially active transformation products.76–78 Therefore, transformation of these compounds 

509 by reaction with OH could increase the susceptibility of products to biodegradation, which 

510 would make an intermediate UV process even more promising to further remove these trace 

511 organic compounds, especially those that already demonstrate some propensity to 

512 biodegrade.25,26,76,79–81 Nevertheless, a foreseeable downside is that significant total N-

513 nitrosamine formation could occur from nitrite photolysis. Because nitrosamines are also subject 

514 to photolytic degradation, more research is needed to determine how to operate such a system to 

515 facilitate nitrosamine loss in addition to pharmaceutical destruction.  
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